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Polycyclic aromatic hydrocarbons (PAH) are a class of common environmental 
contaminants known to be phototoxic.  PAH Photoinduced toxicity is caused by two 
mechanisms: photomodification and photosensitization. The photomodification process 
results in modified PAHs, usually via oxygenation, forming new compounds (oxyPAHs), 
which are often more soluble than their parent PAHs.  The process of photosensitization 
usually leads to the production of singlet oxygen, a reactive oxygen species (ROS), which 
in turn is extremely damaging to organic molecules.  Both of these processes occur at 
environmentally relevant levels of actinic radiation. 
  Metals are ubiquitous environmental contaminants found extensively in many 
aquatic systems.  Many metals are toxic at very low levels, and exhibit toxicity via ROS 
production or via direct binding to a ligand in an organism (Biotic Ligand Model).  PAHs 
and metals often occur as co-contaminants in the environment, and there combined 
effects have only been examined in a few organisms.  
 The goal of this thesis was to examine the toxicity of PAHs, oxyPAHs, metals and 
their mixtures to Hyalella azteca in 96 h acute toxicity tests.  All of the tests were 
performed under varying spectra of light; photosynthetically active radiation (PAR), PAR 
+ UVA or simulated solar radiation (SSR) (PAR + UVA radiation + UVB radiation).  In 
addition, chemical exposures in the Dark were performed to assess toxicity in the absence 
of light.  The PAHs chosen represent 3 of the most common PAHs anthracene (ANT), 
phenanthrene (PHE), benzo(a)anthracene (BAA). The 12 oxyPAHs studied were 
quinolated analogues of the 3 parent compounds as well as anthraquinone derivatives that 
are hydroxylated at various positions.  The toxicity of the parent PAHs increased in the 
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presence of increasing amounts of actinic radiation.  The toxicity of the oxyPAHs also 
increased as PAR, UVA and UVB was added.  Furthermore, most PAHs and oxyPAHs 
were found to be more toxic than the parent PAHs in the absence of actinic radiation. 
 The metals cadmium (Cd), copper (Cu), nickel (Ni) and zinc (Zn) were used in 
toxicity tests. These metals were selected based on their high prevalence in aquatic 
environments and the large amount of data in the published work.  The order of metal 
toxicity in the Dark was Cd > Cu > Zn > Ni.  The order of metal toxicity for the PAR and 
PAR/UV-A regime was Cd = Cu > Ni > Zn.  The order of metal toxicity for the SSR 
treatment was Cu > Cd > Ni > Zn. 
 The toxicity of several metal/PAH mixtures was determined using one of the four 
metals and ANT, ATQ and 1-hATQ.  The mixtures generally had additive toxicity under 
Dark and PAR lighting regimes.  Under SSR lighting most mixtures showed a strictly 
additive toxicity, however synergistic toxicity was observed for the redox active metals 
(Cu, Ni) mixed with ANT.  In the aquatic environment complex mixtures of PAHs and 
metals occur.  The results of this study illustrate the effects that these mixtures may have 
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1.0  Introduction 
Over the past few decades, environmental contamination has risen from a minor 
concern in the 1950’s and 1960’s, to one of utmost importance in the present day.  
Xenobiotic chemicals produced by industrial processes often end up as environmental 
contaminants in terrestrial and aquatic ecosystems (Miller 1998, MacDonald et al. 2000).  
These contaminants are typically by-products of industrial processes, which are typically 
difficult to dispose of or remove.    Environmental contaminants are often encountered as 
mixtures of two or more different chemicals.  The field of environmental toxicology 
attempts to address the effects of these chemicals on the environment (Neff 1985, Landis 
et al. 1995, Klaassen 2001). 
Environmental toxicology is a highly interdisciplinary science. It is comprised of 
several fields, including biology, microbiology, chemistry, engineering, ecology and 
many others (Oehme 1979). The question of assessing the effects of chemicals in the 
environment is complex; assessment depends upon the organism tested and involves not 
only toxicity testing of single chemicals, but also the interactive effects (synergism, 
antagonism) of chemical mixtures (Miller 1998). The issue of hazardous waste 
management is closely related to environmental toxicology, as most compounds studied 
in toxicology are deemed hazardous. There is a growing need for techniques and 
practices to minimize the environmental effects of chemicals, such as polycyclic aromatic 
hydrocarbons (PAHs), metals and their mixtures (Klaassen et al. 2001).  
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PAHs and metals are two abundant environmental contaminants.  Both can be 
discharged into the environment via common industrial processes, including steel 
production and petroleum processing (Maliszewska-Kordybach et al. 2000, Gurst 2005, 
Gurst et al. 2005).  Independently, PAHs and metals are highly toxic and when exposed 
to solar radiation these contaminants often exhibit an increase in toxicity (Huang et al. 
1995;1997, Babu et al. 2001;2003;2005, Lampi et al. 2005, Xie et al. 2006;2007).  To 
complicate matters further, these compounds are byproducts of the same industrial 
processes, and are almost always found together as mixtures in aquatic environments.  In 
the current literature, the toxicities of many of these compounds have been tested 
individually and have been shown to cause toxicity at concentrations found in the 
environment (Huang et al. 1995a, Lampi et al. 2005, Gurst et al. 2005, Xie et al. 2007).  
However, these compounds are not found as single contaminants in the environment and 
are exposed to solar radiation.  In particular the toxicity of PAHs has been shown to 
increase in the presence of solar radiation, via two processes, photomodification and 
photosensitization.  Photosensitization produces reactive oxygen species (ROS) and 
photomodification leads to the formation of PAH photoproducts, such as oxygenated 
polycyclic aromatic hydrocarbons (oxyPAH).  These processes complicate risk 
assessment, and have not been incorporated into current risk assessment protocols.  As a 
result, it is likely that, the environmental impacts of these compounds are being 
underestimated.  Currently, there is no legislation that addresses metals and PAHs as co-
contaminants. Both the Canadian Council of Ministers of the Environment (CCME) and 
the U.S. Environmental Protection Agency (USEPA) still base their guidelines on single 
chemical toxicity data (CEPA 1999, USEPA 2004). 
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PAH and metal toxicities as single contaminants have been well documented 
(Babu et al. 2001, Borgmann et al. 2002, Lampi et al. 2005, Gurst 2005, Gurst et al. 
2005).  As well, several studies have looked at oxyPAHs as a single contaminant 
(McConkey et al. 1997, Lampi et al. 2005, Xie et al. 2007).   It has also been found that 
when PAHs and metals are tested as a mixture, an increase in toxicity is often seen (Babu 
et al. 2005, Xie et al. 2006; 2007).  Additionally, PAH toxicity has been shown to 
increase in the presence of actinic radiation (Diamond et al. 2003, Lampi et al. 2005). 
Due to their toxicity, mutagenicity, and carcinogenicity these compounds are of major 
environmental concern.  The toxicity of PAHs under environmentally relevant lighting 
conditions to Hyalella azteca, a representative benthic organism, has not been 
investigated. This thesis addresses the effects of PAHs and metals have individually on 
Hyalella azteca under several different lighting regimes.  It also attempts to further the 
understanding of the complex interactions that occur in mixtures of ANT, ATQ, 1-hATQ 
and metals in the presence of actinic radiation. 
 
1.1 Polycyclic Aromatic Hydrocarbons  
Polycyclic Aromatic Hydrocarbons (PAHs) are compounds made up of two or 
more fused benzene rings.  The name also refers to PAH derivatives, which contain alkyl 
or other functional groups, such as hydroxyl or carbonyl groups (Health Canada Priority 
Substances List, 1999).  PAHs are produced naturally, through the combustion of organic 
matter by forest fires and volcanoes.  Additionally, very small amounts may be produced 
by diagenesis or biosynthesis (Neff 1985, Ankley et al. 1994, Burgess et al. 2003).  
Anthropogenically, PAHs are produced primarily by incomplete combustion of fossil 
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fuels, steel production, petroleum spills, as well as from power generation and home 
heating (Neff 1985, Ankley et al. 1994, Burgess et al. 2003). PAHs are only slightly 
soluble in water and thus readily associate with particulate matter in the water column 
(McKinney et al. 1999, Parkerton et al. 2000, MacDonald et al. 2000, Lampi et al. 2001, 
Kurihara et al. 2005), in airborne matter (Fox and Olive 1979, MacDonald et al. 2000) 
and in terrestrial soils (NRCC 1983, Parkerton et al. 2000, MacDonald et al. 2000).  The 
hydrophobicity of PAHs often results in their accumulation in lipids of organisms ranging 
from bacteria (McConkey et al. 1996) and plants (Duxbury et al. 1997) to humans 
(Younglai et al. 2002).  Additionally, these compounds have been found to have 
estrogenic activities in many organisms, causing endocrine disruption in rats (Nykamp et 
al. 2001), fish (Brasseur et al. 2007), and humans (Vondracek et al. 2002). 
Due to their conjugated π-bonding orbitals, PAHs can absorb photons of light in 
the UV and blue regions of the electromagnetic spectrum (Foote 1968, Newsted and 
Giesy 1987, Huang et al. 1993, Diamond et al. 2000). Absorption of radiation at these 
wavelengths can alter the structure and toxicity of PAHs predominantly through two 
mechanisms: photosensitization and photomodification (Mallakin et al. 1999:2000).  
Photosensitization generally leads to the production of reactive oxygen species (ROS), 
which can damage biological molecules.  Photomodification results in the modification of 
PAHs into new compounds through various processes including, photooxidation and 
photolysis.  These compounds typically have increased water solubility and toxicity 
(Foote et al. 1987, Huang et al. 1997, Diamond et al. 2000, Lampi et al. 2005, Xie et al. 
2007). 
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Risk assessment of PAHs and the photoinduced toxicity associated with their 
exposure to actinic radiation has proven to be difficult and complex.  PAHs are often 
found in the environment as complex mixtures of highly substituted heterocyclic 
hydrocarbons. The composition and chemical profiles of PAHs can vary considerably 
from site to site (Sanders et al. 1995).  Also each PAH in a mixture differs in its potential 
for photoactivation. Complicating matters further, a given PAHs photoactivation 
potential is strongly influenced by the milieu of co-contaminant PAHs and metals at a 
given site
 
(Dabestani et al. 1999, Diamond et al. 2003, Xie et al. 2007).  This poses a 
serious problem for the predictive modeling of PAHs.  Furthermore many PAH 
photoproducts are more toxic than their parent compounds and their potential for toxicity 
is influenced by co-contaminants (McConkey et al. 1996, Duxbury et al. 1997, Diamond 
et al. 2000, Lampi et al. 2005, Xie et al. 2007). Due to these complicating factors there is 
little government regulation for PAHs and almost no regulation for PAH photoproducts. 
 
1.2  Photosensitization  
In almost any environmentally relevant scenario it is inevitable that an 
environmental contaminant will be exposed to sunlight, in particular to ultraviolet 
radiation (UV).   When exposed to actinic radiation molecules capable of absorbing UV 
light will become excited, resulting in many different possible photochemical reactions 
(Burgess et al. 2003).  These reactions are entirely dependent upon the chemical 
absorbing the light and the wavelength of light that the compound is exposed to.  The 
absorbance spectrum of several representative PAHs are depicted in figure 1.1.  If a  
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Figure 1.1 Absorbance spectrum of representative PAHs (Adapted from Mallakin et 
al. 1999) 
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molecule absorbs a wavelength of light that overlaps with its absorption spectrum, a 
photochemical reaction can take place.  The wavelength range of solar radiation needed 
for most PAHs to become photoactivated is 290-480 nM (Burgess et al. 2003). 
Photoactivation often leads to photosensitization process, resulting in the production of 
ROS.  Many natural organic compounds that have similar structures to PAHs are known 
photosensitizers including flavonoids, chlorophyll and phytoalexins (Figure 1.2) (Lazzaro 
et al. 2004).   Researchers have found that a wide variety of PAHs, can cause a 
photosensitization effect long after the initial exposure due to the bioaccumulation of 
PAHs in organisms (Boese et al. 1999, Diamond et al. 2000, Nuutinen et al. 2003).  
PAHs, like all organic compounds, exist in a ground state known as the singlet 
ground state (Figure 1.3).  In this state PAHs have two electrons residing in their highest 
occupied molecular orbital (HOMO) (Foote 1968).   When PAHs are exposed to actinic 
radiation they can absorb energy in the form of photons, in a process known as excitation.  
When a PAH absorbs a photon of energy and becomes photoactivated, one of the HOMO 
electrons undergoes a transition to a higher energy level known as the excited singlet 




(Figure 1.3).  From its ESS several things can occur.  
Firstly, the PAH can emit a photon via fluorescence, which in turn returns the molecule 
to its singlet ground state (Foote 1968).   The PAH can also give off the energy through 
vibrational states as heat and return to its singlet ground state. However, while the 
molecule is in its ESS it can also undergo a process called intersystem crossing, during 





(Figure 1.3).  The ETS plays a key role in photochemistry.  




Figure 1.2 Structures of photosensitizers: Phytoalexins, Theraputics and PAHs. 
Salvilenone 




Figure 1.3 Jablonski Diagram Illustrating Photoinduced Toxicity of PAHs 
Abbreviations 
1









excited triplet state PAH; 
3
O2, triplet (ground) state oxygen; 
1
O2, singlet (excited) state 
oxygen. 
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through phosphorescence.  However, phosphorescence is a triplet-singlet state reaction 
and is quantum-mechanically forbidden by the Pauli Exclusion Principle.  Therefore, the 




 seconds, compared to that of the much 
shorter lived ESS, which lasts 10
-9
 seconds.   This long lived state increases the 
probability of photochemical reactions occurring (Foote et al. 1976). While the PAH is in 
its excited triplet state it can react with molecular oxygen, transferring energy and 
elevating the triplet oxygen to its excited singlet state (a higher energy level for O2).  
Molecular oxygen in nature is primarily found in a ground triplet state (
3
O2). All 
biological molecules exist in a singlet ground state.  The Pauli Exclusion Principle states 
that singlet-triplet state reactions are forbidden (Foote et al. 1968; 1976, Kohen et al. 
1995).  Singlet oxygen (
1
O2) is of a higher energy level than that of 
3
O2 and as a result is 
extremely reactive, particularly with biological molecules, because the spin restrictions 
not longer exist.  Singlet oxygen will typically react with the first molecule that it comes 
into contact with; this process is known as Type Two Photosensitization (Figure 1.4).  
Alternatively, if the PAH is in its ETS, it can interact with a molecule other than 
molecular oxygen.  It then can transfer its energy causing the molecule to become 
excited, which results in a radical or triplet state molecule. This radical or triplet state 
molecule can then react with molecular oxygen or other biological molecules. This 
process is also referred to as Type One Photosensitization (Foote 1968; 1976; 1991).  
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Figure 1.4. Mechanisms of Photosensitization; Type 1 and Type 2. Abbreviations: 
1









(excited) state PAH; hv, a photon of light; ISC, intersystem crossing. 















1.3  Photomodification 
A second important process involved in PAH phototoxicity is photomodification, 
which occurs when a PAH is excited to its ESS or ETS.  When a PAH in an excited state 
reacts with oxygen, it can result in the formation of oxygenated products (oxyPAHs).  For 
instance, PHE oxidation occurs via 9,10 endoperoxidation of phenanthrene (PHE) 
resulting in the formation of its primary photoproduct phenanthrenequinone (PHQ) or via 
further reactions, a hydroxylated phenanthrenequinone (hPHQ) (Figure 1.5).  This can 
also occur in other PAHs, such as anthracene (ANT), which also occurs by the formation 
of an endoperoxide, via 1,4 –cycloaddition of  oxygen across its central ring.  This results 
in the formation of anthraquinone (ATQ) (Mallakin et al 1999).  Photomodification of 
PAHs is known to occur in the presence of natural sunlight in the biosphere and has been 
linked to increased toxicity (Huang et al. 1995, McConkey el al. 1997, Lampi et al. 
2005).  Often PAH photomodification leads to the formation of increasingly water 
soluble compounds (Mallakin et al. 1999:2000, Brack et al. 2003) (Figure 1.6).  
Photomodification can occur from the ETS where oxygen is added via oxidation.  In 
studies performed by Huang et al (1995), Mallakin et al (1999) and Diamond et al (2000) 
anthracene, a common PAH, was found to oxidize into a variety of compounds, including 
1,2-dihydroxyanthraquinone, which is known to disrupt mitochondrial and photosynthetic 
electron transport (McConkey et al. 1997, Huang et al. 1997, Mallakin et al. 2000, Xie et 
al. 2006). In addition, Huang et al. (1997) found evidence that several hydroxylated 
anthraquinones inhibit photosynthetic electron transport.  Mallakin et al. (2000) 




Figure 1.5 Photomodification of Phenanthrene. 1,3-dihydroxyphenanthraquinone (1,3-





Figure 1.6 Solubility trends in PAHs. ANT, anthracene; ATQ, anthraquinone; 1-hATQ, 

















extensively modified and has a half-life of two hours, whereas anthraquinone, a primary 
anthracene photoproduct, is relatively stable.  Mallakin et al. also found that anthracene 
when exposed to SSR becomes modified into more than 20 different photoproducts 
(Mallakin et al. 2000). Lampi et al. (2006) found that many intact PAHs exhibited UV 
mediated toxicity to Daphnia magna and found their photoproducts to be highly toxic 
even in the absence of actinic radiation.  Phenanthrene, another unsubstituted PAH with 3 
rings, has also been shown to undergo photomodification into a large number of 
photoproducts (Gurst et al, 2005).  
 
1.4  Metals  
Metals are environmental contaminants that are often released during steel 
production, through machinery exhaust, and via accidental spills/discharges.  The most 
common metal contaminants found in freshwater are Cu, Cd, Cr, Ni and Pb (Abel 1989, 
Priority Substance List CEPA 1999, Toxic Substance List 2004).  
Many metal ions are used in biological processes and, at low levels, are essential 
to life (Abel 1989, Edie 2003).  They have roles as protein co-factors, in cellular 
signaling and as redox agents.  However, even at low levels metals can be problematic, as 
metals do not biodegrade, are often water soluble, and have the potential to 
bioaccumulate in biological systems. At elevated levels metals can become toxic, as 
shown in work done by Borgmann et al. (2005), which determined the EC50s for 63 
metals and metalloids in Hyalella azteca. Metals that are classified as heavy metals 
(atomic weight greater than 40) represent the most common and dangerous 
environmental contaminants.  Metals including copper (Cu) and zinc (Zn) are essential 
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trace metals to most living organisms.  Others, such as lead (Pb) and cadmium (Cd), have 
no known biological function.  Most current research suggests that metals induce toxicity 
via different mechanisms, including enzyme inhibition based on the biotic ligand model 
(BLM) and by the formation of ROS (Kasprzak 1989, Pourahmad et al. 2000, Gurst et al. 
2005, Xie et al. 2005).  Metal-induced ROS production has recently been noted as an 
important mechanism of metal toxicity.  Both redox-active metals (Cu, Fe, Ni) and non 
redox-active metals (Pb, Cd, Hg) can induce ROS formation, although they do this via 
different pathways (Li et al. 1993, Li et al. 1994, Pourahmad et al. 2000; 2003, Bolduc et 
al. 2004, Xie et al. 2006).  
 
1.5  Copper 
 Copper (Cu) is a metal that has been utilized for its malleability and conductivity 
and is presently used in many aspects of industrialized life.  It is found in casting, gas and 
water piping, roofing materials, cooking utensils, chemical and pharmaceutical 
equipment, and in currency (Tabershaw 1977).  Cu compounds are used as dyes (cupric 
arsenate), insecticides (Cu flouroarsenate), fungicides (Cu sulfate), and various analytical 
reagents (Cupric Chloride). Cu contamination usually results from industrial discharges, 
mining, and smelting (Nriagu 1979, Fitzgerald 1998).   
 Cu is one of the most common metals of concern in aquatic ecosystems.  It is 
found naturally in most freshwater systems with a concentration ranging from 3-12ng/L 
(Abel 1989, Environment Canada 2003).  Cu is essential in many biological processes, 
including metalloprotien cofactors, cytochrome c oxidase, Cu-Zn superoxide dismutase, 
and azurin (a redox centre in microorganisms) (Fitzgerald 1998).  Most terrestrial 
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vertebrates, including humans, are never exposed to lethal concentrations of Cu and are 
highly tolerant of Cu.  For example, the rat oral LD50 for Cu is 114 mg/kg (Abel 1989).  
However, Cu is abundant in aquatic environments and is extremely toxic to aquatic 
invertebrates, plants, and fish, which are all sensitive to Cu in the low to high µM range 
(Babu et al. 2001, Hansen et al. 1996, Jeffrey et al. 2002, Borgmann et al. 2005, Xie et al. 
2006). 
Several mechanisms have been proposed to explain the toxicity of Cu, including 
DNA binding, disruption of divalent ion channels (Ca
2+
), lipid peroxidation, lysosomal 
destabilization, and redox cycling (Pourahmad et al. 2000).  Redox cycling plays an 
important role in many cellular pathways, such as cytochrome c oxidase and free radical 
defense (eg: superoxide dismutase). Redox cycling can also act as a mechanism of ROS 
production (Pourahmad et al. 2000).  Several studies have been performed that 
demonstrate the Cu-based ROS mechanism through the use of the antioxidant enzyme 
assays; catalase, or superoxide dismutase assays (Pourahmad et al. 2000, Babu et al. 
2001, Liang et al. 1999, Xie et al. 2006).  ROS production can lead to DNA damage, 
peroxidation of lipids, and oxidation of protein thiol bonds (Abel 1989, Van Asscheet et 
al. 1990) 
 
1.6  Cadmium 
 Cadmium (Cd) is an element that is relatively rare in the earth’s crust with an 
average concentration of 0.15-0.2 mg/kg (Sadiq 1992).  Cadmium contamination in the 
environment is almost always as a byproducts from various industrial processes.   Some 
of its uses include battery production, in polymer stabilization and to make metal alloys 
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(Sadiq 1992).  Cadmium concentrations in pristine aquatic environments are generally 
less than 2 ng/L.  Levels above 50 ng/L have been reported in many industrialized 
environments and Japanese lakes have recorded standing levels of 3.5 µg/L and periodic 
levels of 8 µg/L (Yamagata 1979).   Cadmium contamination is almost always the result 
of anthropogenic activities (Environment Canada 2003). 
Cadmium is one of the most toxic elements and is regarded as a priority pollutant, 
especially in aquatic ecosystems (Environment Canada 2003, USEPA 2000).   Cadmium 
toxicity in aquatic organisms has been extensively studied (McLusky et al., Borgmann et 
al. 2005, Gurst et al. 2005, Gurst 2005).  The chemistry of cadmium is different in fresh 
water compared to marine environments and generally freshwater organisms are much 
more susceptible to cadmium toxicity than marine organisms.  Surprisingly, unlike other 
metals, Cd has been found to only minimally bio-concentrate up the food chain (Sadiq 
1992).  A study by Amiard-Triquet et al. (1983) found higher levels of Cd in 
invertebrates than in their fish predators.  Another study by Perceval et al. (2002) and 
Borgmann et al. (2004) demonstrated that the toxicity of Cd in water is a function of pH, 
ionic strength and temperature. 
Cadmium, unlike Cu, is a non-redox active metal.  Its primary mechanism of 
toxicity is thought to be based on the biotic ligand model (BLM).  Cd is sulphophilic, 
preferentially binding to thiol groups over other molecules.  As a result, Cd’s primary 
mechanism of toxicity is thought to be through enzyme inhibition (Sadiq 1992, 
Takameure et al. 2005). As a divalent cation Cd can also compete with Ca
2+
 uptake in 
many intracellular processes (Kelly 1988). However, despite being a non-redox active 
metal studies have shown that Cd does elicit a ROS mediated toxicity, the mechanisms of 
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which are theorized to be based on Cd/Protein interactions (Stacy et al. 1980, Snyder 
1988, Xie et al, 2006). 
 
1.7  Nickel 
 Nickel (Ni) is an element found abundantly in the Earth’s crust at a concentration 
of 5-10 mg/kg.  It is used in industrial processes including the manufacture of stainless 
steel, magnets, coinage, batteries and other metal alloys.  Though a common element, Ni 
is not often found in large deposits, with the exception being the southern Canadian 
Shield in particular Sudbury Ontario, which is responsible for 30% of the worlds nickel 
supplies.  Nickel while not essential for animals, is an essential element for plants and 
many microorganisms. In particular, many plants contain a Ni based superoxide 
dismutase and Ni-Fe hydrogenases (Szilagyi et al. 2004, Jaoun 2006).  
Environmental contamination by Ni is a common occurrence with contamination 
often arising from anthropogenic sources.  In pristine lakes nickel is found at a 
concentration of 0.1-1.0 µg/L, whereas contaminated lakes can have concentrations as 
high as 100-1000 µg/L (Eisler 1998).  Nickel, is not acutely toxic to animals, but is 
highly carcinogenic, genotoxic and mutagenic (Kasprzak 1989, Kasprzak et al. 2003, 
Pourahmad et al. 2000, Szilagyi et al. 2004).  Though Ni is only mildly toxic to aquatic 
organisms, the mutagenic and carcinogenic effects can be staggering.  Ni contamination 
in aquatic systems has been shown to increase levels of carcinomas in populations of fish 
(Anderson 1992, Doig and Liber 2006; 2007). 
Ni toxicity is thought to occur through direct binding to ligands (BLM). However, 
recent experimental evidence has suggested that ROS plays an important role in Ni 
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toxicity (Kasprzak 1991, Kang et al. 2003, Doig and Liber 2006).  Kang et al. (2003) 
found that Ni in human hepatocytes induced the production of hydrogen peroxide, lipid 
peroxidation and up-regulation of ROS scavenger compounds. Despite this evidence, the 
primary toxicity mechanism is thought to be that of direct binding to proteins. 
 
1.8  Zinc 
 Zinc (Zn) is an essential biological element and is abundant in nature (Kelly 
1988). Many proteins and enzymes in animals and plants contain zinc prosthetic groups.  
These include zinc fingers, carboxypeptidase A, and retinol-binding protein (Christian et 
al. 1998, King et al. 2006). In addition, there are over a dozen types of cells in the human 
body that secrete zinc ions, which are thought to have roles in cellular signaling. For 
instance, Hershfinkel et al. (2007) found that zinc ions act as neurotransmitters between 
human neurons. 
 Zinc contamination is primarily from anthropogenic sources.  Often zinc 
contamination results from the corrosion of stainless steel piping, mining, industrial 
processes and pharmaceutical waste (Environment Canada 2003).  Zinc is relatively non-
toxic to most aquatic organisms, but at elevated levels can have acute toxic effects 
(Timmermans 1993). The toxicity of Zinc has is primarily attributed to direct ligand 
binding based on the BLM.  Zinc interferes with other divalent ion uptake, as well as 
competing with other ions as enzymatic cofactors.  One example of Zn toxicity 
Hemolytic Anemia results from human ingestion of as little as 100-300 mg of zinc 
(Stowe et al. 1978).   
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1.9  Metals and PAHs 
Metals and PAHs often exist in the environment together as complex mixtures.  
Sediments, sewage, and aquatic systems are often co-contaminated with mixtures of Cu, 
Ni, Cd, Zn and PAHs.  Almost all of this contamination is from anthropogenic sources, 
primarily industrial processes. It has been demonstrated that potential interactions 
between the metals and PAHs can increase the overall toxicity of the contaminant 
mixtures (CEPA 1999, Tabak et al. 2003, Xie et al. 2005, Doig and Liber 2006, Xie et al. 
2007). Experiments performed by Tabak et al. (2003) showed that contaminated 
sediments from the East River (NY, USA) were acutely toxic to 12 freshwater and 
marine organisms including Hyalella azteca.  Despite the pressing issue of PAH and 
metal mixture contamination, very few studies have looked at the toxic interactions 
between PAHs and metals, and the underlying mechanisms of toxicity. 
  As stated above, PAHs undergo photosensitization and photomodification in the 
presence of actinic radiation, resulting in the production of oxyPAHs and reactive oxygen 
species.  As a result co-contamination with other chemicals is further complicated by the 
potential presence of these oxyPAHs.  Co-contamination of PAHs/oxyPAHs and metals 
have the potential to have an increased toxic effect.  This toxicity can be further amplified 
in the presence of actinic radiation. When a PAH exposed to sunlight is coupled with a 
redox active metal (Cu, Fe, or Ni), there can be a marked increase in the formation of 
oxyPAHs and ROS production (Goldstein et al. 1993, Xie et al. 2007).  In particular, if a 
metal is redox active the potential for toxicity in a PAH/metal mixture is greatly 
increased (Li et al. 1993, Xie et al. 2005; 2007).  Xie et al. (2005) examined the effects 
that mixtures of Phenanthrenequinone (PHQ), Cu, and a number of antioxidants on 
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Daphnia magna. It was found that PHQ and Cu mixtures caused a marked increase in 
toxicity that was diminished when the antioxidants were present. This study showed that 
ROS production is an important mechanism for Cu and PHQ co-toxicity (Xie et al. 2005).   
In a follow-up study Xie et al. (2007) found that the relative toxicity of PHQ/Cd 
mixtures, (in Daphnia magna) was not necessarily related to the amount of ROS 
generated by the compounds.  The study also implied that ROS played only a part in the 
toxicity of the PHQ/Cd mixture. 
 
1.10  Reactive Oxygen and ROS Cycling 
PAHs and metals can independently interfere with biological processes. In 
particular the presence of PAHs and redox-active metals, such as copper and nickel, can 
perturb biological electron transport in mitochondria and chloroplasts (Huang et al. 
1997a, 1997b, Xie et al. 2005:2007).  The primary cause of biological damage in this 
case is reactive oxygen species (ROS).  ROS are derivatives of molecular oxygen, 
including free radicals such as the hydroxyl ion (OH
-





OH), and hydrogen peroxide (H2O2) (Foote 1968) (Figure 1.7). These free 
radicals are found in most organisms and play a role in cellular signaling, immune 
responses, and apoptosis.  However, these compounds are also extremely detrimental to 
cells in uncontrolled settings, such as metal toxicity or PAH photosensitization.  They can 
cause lipid peroxidation and are known to disrupt proteins (Foote 1978)  
Reactive oxygen species are almost always formed during the reduction of 
molecular oxygen (O2) into water (H2O) in the mitochondrial electron transport chain.  




Figure 1.7 Reactivity of Oxygen species.  O2, molecular Oxygen; OH-, hydroxyl ion; 
HOOH, hydrogen peroxide; O2
•-
, superoxide radical; OH
●
, Hydroxyl radical. 
> OH- > HOOH > O2
•- > OH• 
Order of increasing reactivity 
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reduction.  Due to electron spin restrictions, molecular oxygen must accept each of the 
four electrons individually (King et al. 1975).  Reactive oxygen species can also be 
formed when PAHs and metals are present by a process known as redox cycling. 
Redox cycling with metals is based on Fenton-chemistry and occurs because the 
PAH/oxyPAH and the redox active metal can cycle between two redox states.  Redox    
cycling can facilitate the transfer of electrons from donor molecules to other electron 
acceptors, such as molecular oxygen, leading to the generation of ROS (Figure 1.8) 
(Foote 1991, Huang et al. 1995;1997, Xia et al. 2004, Xie et al. 2006;2007).  These ROS 
can cause lipid peroxidation and disrupt nucleic acids and are considered to be key 
contributors to metal/PAH toxicity.  This toxicity is further increased in the presence of 
actinic radiation. When PAHs are exposed to actinic radiation they photosensitize, 
leading to the production of ROS, which in turn redox cycles in the presence of redox 
active metals (Cu, Ni, Fe) greatly increasing the toxicity of the mixture (Weckx and 
Clijsters 1996, Xia et al. 2004, Xie et al. 2005, Xie et al. 2007). 
 
1.11  Hyalella azteca as a Model Organism 
 In this study Hyalella azteca (Crustacea, Amphopida) was chosen as a model 
organism for toxicity testing.  Hyalella azteca is a representative freshwater invertebrate 
commonly found in the littoral zone of lakes, rivers, streams, and ponds throughout North 
America (Kruschwitz 1978, USEPA 2000).  Hyalella azteca feed primarily on decaying 
organic matter and are omnivorous.  They reproduce sexually and reach reproductive age 
after two weeks.  Hyalella have a lifespan of approximately four months and are sexually 
active until death (Kruschwitz 1978).  Hyalella azteca were chosen as a test organism  
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Figure 1.8. Redox cycling of ATQ and Cu (adapted from Xie et al. 2005) 
 
 26
because they represent a keystone species in aquatic food webs across the Americas as 
both a food source and scavenger. Hyalella azteca are relatively easy to culture and have 
an average sensitivity to common contaminants.  This, along with the large amount of 
toxicity data about them, makes Hyalella azteca an ideal test organism (USEPA 2000).   
 
1.12  Goals of this Study 
PAHs and metals are two classes of environmentally important contaminants.  
They can often be found in the environment as co-contaminants primarily as a result of 
industrial processes like smelting and petroleum refining (Tabak et al. 2003).  The 
toxicities of metals and PAHs alone in aquatic systems have been well documented; 
however, the effects that actinic radiation has on their toxicities has not been studied in 
Hyalella azteca.  Furthermore, there is very little data on the combined effects of PAHs 
and metal mixtures under actinic radiation in aquatic systems.   
This thesis attempts to fill in some of the gaps in our knowledge of PAH and 
Metal toxicities under actinic radiation.  Using the Hyalella azteca whole organism 
system, the combined toxicity of PAH and metals were assessed by varying the levels of 
actinic radiation the organisms are exposed to. The PAHs chosen are representative 
chemicals based on abundance and varying oxygenated positions (ANT, ATQ, 1-hATQ, 
2-hATQ, 1,2-dhATQ, 1,3-dhATQ, 1,4-dhATQ, 1,8-dhATQ, 1,2,4-thATQ, 1,2,5,8-
thATQ, 1,210-thANT, BAA, BAQ, PHE, PHQ).  The metals Cu, Cd, Ni, Zn are all 
common aquatic contaminants and are likely to have different mechanisms of toxicity.  
Additionally, there is a large amount of data to compare with on each of the single 
chemical toxicities.  The data produced in this thesis will be used to deduce the role of 
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photoinduced toxicity on single toxicants and mixtures.  The phototoxicity assays will be 
based on varying the irradiance spectra, to examine the effects that different 
environmentally relevant wavelengths have on toxicity.  The first goal was to determine 
the effects of actinic radiation on 15 PAHs to Hyalella azteca, and is addressed in 
Chapter 2.  The second goal was to determine the affect of actinic radiation on four 
metals to Hyalella azteca, and is addressed in Chapter 3.  The third goal was to determine 
the affects that actinic radiation has on the toxicity of mixtures of PAHs and metals to 
Hyalella azteca, and is addressed in Chapter 4.  Using these data sets this thesis aims to 





Photoinduced Toxicity of PAHs to Hyalella azteca.  Effects of 
PAR and UV mediated mechanisms and the formation of 
Photoproducts. 
2.0  Introduction 
 Polycyclic aromatic hydrocarbons (PAHs) are contaminants commonly found in 
many aquatic environments.  The majority of PAH contamination arises from 
anthropogenic sources including electrical power generation, industrial processes, and the 
incomplete combustion of fossil fuels (Neff 1985, Ankley et al. 1994).  They are highly 
lipophillic and are considered priority contaminants by Environment Canada (CEPA 
1999, Environment Canada 2003).   
 The toxicity of PAHs to aquatic organisms is often enhanced by the exposure to 
sunlight (simulated or natural) (Newsted et al. 1987, Huang et al. 1995, McConkey et al. 
1997, Diamond et al. 2000, Xie et al. 2005, Lampi et al. 2005, Xie et al. 2007).   PAH 
photoinduced toxicity is based on two different mechanisms: photosensitization and 
photomodification (Oris et al. 1985, Landrum et al. 1986, Lehto et al. 2003). 
Photosensitization leads to the production of reactive oxygen species, which can result in 
significant damage to biological molecules (Foote 1976, Foote 1991, Landrum et al. 
1986,).  The other mechanism, photomodification, involves the structural modification of 
PAHs into a variety of oxygenated products (oxyPAHs) (Mallakin et al. 1999).  This 
often results in increased water solubility and toxicity compared to that of their parent 
PAH (Huang et al. 1995, McConkey et al. 1997, Diamond et al. 2000, Lampi et al. 2005). 
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 The presence and toxicity of oxyPAHs in the environment has recently come to 
be recognized as a cause for concern (Health Canada 1999).  Many studies have found 
that the prevalence of these compounds is increasing, possibly due to photomodification 
of the parent PAHs.  A study by Mallakin et al. (1999) demonstrated that anthracene 
when exposed to sunlight degrades rapidly into its photoproducts in the presence of 
actinic radiation.  These photoproducts include ATQ, 1-hATQ, 1,2-hATQ and many 
more.  Recently it has been clear that oxyPAHs are present in environment where PAHs 
are found (CEPA 1999, McKinney et al. 1999, Barbosa et al. 2004, Kurihara et al. 2005). 
The apparent increase in oxyPAH concentrations is likely in part due to the fact that 
scientists are now aware of them and have developed new methods for detecting them.  
This is a cause for concern as many of these compounds are unregulated (Kurihara et al. 
2005).    
 Despite the known sensitivity of Hyalella azteca to PAHs and the prevalence of 
PAHs in the environment, very little toxicity data is available on PAHs or oxyPAHs.  In 
particular, no data is available on the toxicity of the oxygenated PAHs to Hyalella azteca, 
exposed to actinic radiation.   In the present study the toxicities of 15 PAHs and 
oxyPAHs were assayed under 4 different irradiation sources; Dark (no light), 
Photosynthetically Active Radiation (PAR) light (400-700nm), PAR/UV-A light (320-
700nm) and Simulated Solar Radiation (SSR) light (290-700nm).  In addition, the 
oxyPAHs chosen have all been shown to be photomodification products of the parent 
PAHs used in the study (ANT, PHE, BAA) (Huang et al 1995, Mallakin et al 1999).  This 
chapter aims to address the gaps in the current data sets to further our understanding of 
PAH phototoxicity. 
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2.1  Materials and Methods 
2.1.1  Test Organism 
A stock culture of Hyalella azteca was obtained from Warren Norwood and Uwe 
Borgmann at the Canada Centre for Inland Waters (CCIW).  This culture was maintained 
in mixed age cultures following the guidelines published by the USEPA for static 
cultures (USEPA 2000).  Cultures used for experimentation were optimized for breeding.  
To create these cultures, paired (mating) adults were separated from the stock cultures 
and placed into breeding tanks, 1L in volume consisting of 30 pairs.  The breeding 
cultures were harvested after 7 days and the juveniles separated manually by visual 
identification based on size, and placed into a holding tank.  After 7 days these immature 
Hyalella azteca were used in the treatments. The culture water used consisted of 
Waterloo, Ontario, Canada well water, diluted 1:1 with reverse-osmosis-purified water, 
and the water was changed once every 7 days.  The cultures were fed twice per week with 
5 mg TetraMin
 
Flakes (TetraMelle, Germany). The stock tanks were maintained at 22
o
C 
± 1ºC, and the breeding tanks were maintained at 27
o
C ± 1ºC the optimal breeding 
temperature, for Hyalella azteca (Kruschwitz et al. 1978). The animals were cultured 
using a 16:8 light:dark photoperiod under cool white fluorescent light.  The water 
hardness was maintained at 240 mg/L CaCO3 and the pH was kept constant at 7.4. This 
culture was found to have average sensitivity to several common contaminants similar to 
those found in other published studies (Verrhiest et al. 2001, Schuler et al. 2003, 
Borgmann et al. 2005). 
 
 31
2.1.2   96h PAH Phototoxicity Assay 
The assays were performed to determine the EC50 values for juvenile (7-14 day 
old) Hyalella according to the USEPA standard method (USEPA 2000).  Fifteen PAHs 
were assayed to determine their toxicity to Hyalella azteca under varying lighting sources 
(Figure 2.1). These PAHs were purchased from a Fisher Scientific (Ottawa, Canada) and 
Sigma-Aldrich (Oakville, Canada) and were of the highest purity available (Table 2.1).  
Since most PAHs have limited water solubility; dimyethylsulfoxide (DMSO; Fisher 
Scientific, Nepean, ON, Canada) was used as a carrier solution to add stock solutions of 
the PAH to the test containers.  The stock solutions were prepared in molecular biology 
grade DMSO to a concentration of 1 mg/L.  These stock solutions were serially diluted to 
the relevant testing concentrations.  Each assay was performed using one of seven 
different concentrations of a given PAH and a positive control consisting of DMSO in 
water at a concentration of 0.1 % (v/v). Thus the level of DMSO used had no impact on 
the test organisms and was used in the controls.  In all cases the concentration of DMSO 
never exceeded 0.1% of the final volume of the experiment compartments. To ensure 
constant concentrations of PAH, the test solution was statically renewed after 48 hours.  
During the toxicity assay, the photoperiod was maintained on a 16:8 hour light:dark cycle 
for each of the lighting regimes described below. After 96 hours, mobility was assessed 
by gentle prodding, and immobility was considered to be mortality.  Each test was 
performed with 10 Hyalella azteca in 200 mL of PAH test solution. Each treatment was 
completed in triplicate on 3 separate days.  During the assay the animals were not fed, 
which had minimal impact on the organisms (Strong 1972). Water loss due to 
evaporation was approximately 10 mL/week, but the loss was considered negligible due  
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Table 2.1 Purities of PAHs in Hyalella azteca Assay 
PAH 
Compound Purity (%) Compound Purity (%) 
ANT 99 1,2,4-thATQ 90 
ATQ 99 1,2,5,8-thATQ 93 
1-hATQ 97 1,2,10-thANT 91 
2-hATQ 96 BAA 99 
1,2-dhATQ 98 BaQ 96 
1,3-dhATQ 98 PHE 96 
1,4-dhATQ 96 PHQ 96 
1,8-dhATQ 98   
Acronyms for PAHs: ANT = Anthracene;  ATQ = Anthraquinone; 1-hATQ = 1-
hydroxyanthraquinone; 2-hATQ = 2-hydroxyanthraquinone; 1,2-dhATQ = 1,2-
dihydroxyanthraquinone; 1,3-dhATQ = 1,3-dihydroxyanthraquinone; 1,4-dhATQ = 1,4-
dihydroxyanthraquinone; 1,8-dhATQ = 1,8-dihydroxyanthraquinone; 1,2,4-thATQ = 
1,2,4-trihydroxyanthraquinone; 1,2,10-thANT = 1,2,10-trihydroxyanthracene; 1,2,5,8-
thATQ = 1,2,5,8-tetrahydroxyanthraquinone; BAA = Benz[a]anthracene; BaQ = 




Figure 2.1 Structures of PAHs and photomodified PAHs used in this study.  
ANT, anthracene; ATQ, anthraquinone; 1-hATQ, 1-hydroxy-anthraquinone; 2-hATQ, 2-
hydroxy-anthraquinone; 1,2-dhATQ, 1,2-dihydroxy-anthraquinone; 1,3-dhATQ, 1,3-
dihydroxy-anthraquinone; 1,4-dhATQ, 1,4-dihydroxy-anthraquinone; 1,8-dhATQ, 1,8-
dihydroxy-anthraquinone; 1,2,4-thATQ, 1,2,4-trihydroxy-anthraquinone; 1,2,10-thANT, 
1,2,10-trihydroxy-anthracene; 1,2,5,8-tetra-hydroxy-anthraquinone; BAA, 






to the static renewal of the water every 48 hours and the limited duration of the 
experiment (96 hours). 
 
2.1.3  Radiation Sources 
The irradiation sources for the toxicity assays consisted of three distinct lighting 
regimes and a dark treatment.  The first experimental condition consisted of only 
photosynthetically active radiation (PAR) (400-700nm) (PAR, 56 µmol•m-2•s-1), provided 
by cool white fluorescent lamps (CWF)(Southern New England Ultraviolet Co., Branford, 
USA).  The second lighting regime consisted of PAR light + UV-A light (320-700nm) 
(PAR:UVA, 56:4.6 µmol•m-2•s-1).  The PAR light was provided by CWF lamps, while an 
RPR-3500 (UV-A lamps) was used to provide the UV-A light (Southern New England 
Ultraviolet Co., Branford, USA).  The third lighting system was a full spectrum of 
simulated solar radiation (SSR) (290-700nm) (PAR:UVA:UVB, 60:4.6:0.46 µmol•m-2•s-
1), which consists of PAR, UV-A, and UV-B.  To produce the SSR, cool white 
fluorescent lamps, an RPR-3500 (UV-A lamps) and RPR-3000 (UV-B lamps) (Southern 
New England Ultraviolet Co., Branford, USA) were used to produce the full spectrum of 
visible/UV-A/UV-B. Due to the fact that RPR-3000 lamps produce some UV-C light 
which will on its own kill most amphipods, three layers of cellulose diacetate (0.08mm) 
were used to screen out wavelengths of light <290 nM (UV-C light) (Lampi et al. 2006).   
 
2.1.4  Data Analysis 
Survival data as a function of chemical concentration, from each assay were used 
to determine the EC50s of each compound.  The data were first transformed using 
equation 1.  This enables us to include zero values when calculating the EC50s. 
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Equation 1 
      
Where m is the number of surviving juveniles in a given replicate and n is the total 
number of juveniles present at the start of the assay.  The survival data were then fit into 
a logistic regression model, (Equation 2) adapted from Stephenson et al. (2000). 
Equation 2 
 
Where x is the log of the PAH concentration, µ  is the log of the EC50, and b is a measure 
of the concentration response curves slope.  To solve for the EC50 and the slope, a 
regression with the nonlinear function of Systat 10 (Systat Software, Point Richmond, 
CA, USA) was used.  The concentration response curves themselves were generated by 
inserting these values into equation 2.  The average of the generated EC50s and standard 
deviations were then obtained.  
 
2.2  Results  
 A 96 h acute assay was performed to determine the toxicities of 15 PAHs and 
oxyPAHs under 4 different lighting regimes.  These EC50s were determined from 
concentration response curves based on mortality data from each of the chemicals shown 
in table 2.2.  Most of the PAHs increased in toxicity as the lighting conditions were 
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Table 2.2 Toxicity of 15 PAHs to Hyalella azteca under Dark, PAR, PAR/UV-A and 
Simulated Solar Radiation (SSR). 
 EC50 
PAH Dark ( nM) ± 
SD  
PAR ( nM) ± SD PAR + UV-A 
( nM) ± SD 
SSR ( nM) ± SD 
ANT 4902 ± 169 108 ± 19.7 164 ± 32.7 4.87 ± 0.36 
ATQ 1624 ± 192 188 ± 48.4 156 ± 45.9 142 ± 38.9 
1-hATQ NT 332 ± 68.4 378 ± 117 24.4 ± 1.43 
2-hATQ NT 641 ± 77.9 501 ± 90.6 21.7 ± 3.93 
1,2-dhATQ 6645 ± 1629 860 ± 170 479 ± 147 54.1 ± 21.1 
1,3-dhATQ 6824 ± 1171 1008 ± 156  680 ± 99.7 49.5 ± 10.2 
1,4-dhATQ 1089 ± 342 989 ± 205 457 ± 63.7 6.19 ± 1.39 
1,8-dhATQ 910 ± 150 923 ± 182 397 ± 71.6 28.1 ± 7.48 
1,2,4-thATQ 5034 ± 645 1295 ± 204 540 ± 42.1 73.1 ± 18.8 
1,2,5,8-thATQ NT 422 ± 48.9 364 ± 90.1 31.5 ± 6.14 
1,2,10-thANT NT 4890 ± 398 894 ± 59.6 40.1 ± 3.83 
BAA 2404 ± 277 567 ± 89.3 129 ± 34.7 10.9 ± 3.64 
BaQ 1387 ± 283 534 ± 98.4 103 ± 41.2 5.82 ± 2.54 
PHE 3167 ± 232 444 ± 111 106 ± 38.9 12.2 ± 0.77 
PHQ 2078 ± 388 524 ± 94.8 322 ± 1009 5.89 ± 1.06 
Each experiment was repeated independently at least 3 times. 
* NT = Non Toxic at levels below maximum solubility of 8000 nM 
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changed from dark to SSR. The greatest change in toxicity was more often than not in the 
PAR/UV-A to the SSR.  The exception to this trend was ATQ which showed no 
statistical change in toxicity across PAR, PAR/UV-A and SSR treatments. 
The concentration response curves for the dark treatments, showed a four fold 
difference in toxicity of each of the PAHs to Hyalella azteca (Fig 2.2-2.15).   The most 
toxic PAH in the dark treatment was 1,8-dhATQ  with an EC50 910 nM.  Several of the 
PAHs (1-hATQ, 2-hATQ, 1,2,5,8-thATQ, 1,2,10-thANT) showed no acute toxicity under 
the dark treatment and were non-toxic at levels below maximum solubility of 8000 nM.  
The slopes of the concentration response curves, in the dark treatments generally differed 
from PAH to PAH.  The parent quinones (ATQ, BAQ, PHQ) all had similar slopes and 
EC50 values that were similar in magnitude. The dihydroxyanthraquinones (1,2-dhATQ, 
1,3-dhATQ, 1,4-dhATQ, 1,8-dhATQ) had slopes that were very similar to each other, 
however their EC50s varied over 3 orders of magnitude. The slopes of the 
dihydroxyanthraquinones differed from those of the parent compounds; with the slopes of 
the parent PAHs being much shallower than those of the dihydroxylated quinones.   The 
concentration response curve for ANT in the dark treatment differed from the other PAHs 
being much shallower (Fig. 2.2).  The slope of 1,2,4-thATQ was found to be the steepest 
of the dark concentration response curves (Fig. 2.10). 
 The results of the PAR treatment showed varying EC50s across 3 orders of 
magnitude (Table 2.2).  The PAHs under the PAR treatment were all found to be much 
more toxic than in the dark treatment, increasing in toxicity by 4-50 fold. The most toxic 
of the PAH to Hyalella azteca under PAR lighting was ANT, with an EC50 of 108.3 nM.  
The least toxic PAH was found to be 1,2,10-thANT with an EC50 of 4890 nM.  All of the 
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parent PAHs (ANT, BAA, PHE) had very similar EC50s to their primary photoproducts 
(ATQ, BAQ, PHQ).   One of the primary photoproducts of ATQ (1,2-dhATQ) was found 
to be  4 fold less toxic than that of ATQ under PAR lighting. 
 The concentration response curves for the PAR treatments showed differing 
slopes between many of the PAHs.  ANT, had a shallowest slope that mirrored that of 
ATQ, except ATQ was much less toxic than ANT.  1-hATQ (Fig. 2.4), 2-hATQ (Fig. 
2.5) and 1,2,5,8-thATQ (Fig. 2.11) showed similar slopes.  The dihydroxy-
anthraquinones (1,2-dhATQ, 1,3-dhATQ, 1,4-dhATQ,1,8-dhATQ) all shared similar 
slopes.  1,2,10-thANT  was found to have the steepest slope of the PAR treatments, and 
was not similar to any of  the other PAHs. 
 The PAR/UV-A treatment showed a wide range of EC50s, which varied over 2 
orders of magnitude.  Almost all of the PAHs increased in toxicity over the PAR 
treatments and were generally 2-5 fold more toxic.  The PAH with the lowest EC50 in the 
PAR/UVA treatment was BAQ with an EC50 of 103 nM, followed closely by PHE with 
an EC50 of 106 nM. The least toxic PAH of the PAR/UV-A treatments was 1,2,10-
thANT, with an EC50 of 894 nM.  1,2,10-thANT increased in toxicity from the PAR 
treatment by 10 fold but was still the least toxic of the PAR/UV-A treatments.  All of the 
hydroxylated anthraquinones (1-hATQ, 2-hATQ, 1,2-dhATQ, 1,4-dhATQ,1,8-dhATQ, 
1,2,4-thATQ, and 1,2,5,8-thATQ) with the exception of 1,3-dhATQ had EC50s that were 
very close in magnitude between 364 nM and 540 nM.  The EC50 of 1,3-dhATQ was 680 
nM which was not statistically similar enough to group it with the other 
hydroxyanthraquinones (Fig. 2.7).  
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 The PAR/UV-A treatments showed a wide range of slopes for the different PAHs.  
The shallowest slope in the PAR/UV-A treatment was ATQ.  The mono hydroxylated 
anthraquinones (1-hATQ, 2-hATQ) had slopes that were very similar, but slightly steeper 
than that of ATQ.  1,2-dhATQ showed a unique slope that did not closely resemble any 
of the other PAHs.  The PAH in the PAR/UV-A treatment with the steepest slope was 
PHQ, however the slopes of BAA, PHE, and BAQ were very similar albeit slightly 
shallower to that of PHQ. 
 Under the SSR treatment the EC50s increased over that of the PAR/UV-A 
treatments.  They generally increased by a factor of 5-50, the exception being ATQ which 
showed no statistical change in toxicity from the PAR/UV-A treatment, with an EC50 of 
156 nM (PAR/UV-A) and an EC50 of 142 nM (SSR).  The most toxic compound under 
SSR was found to be ANT with an EC50 of 4.87 nM.  The other parent PAHs (BAA, 
PHE) were also found to be very toxic with EC50s of 10.9 nM and 12.2 nM respectively.   
ATQ was found to be the least toxic of the PAHs under SSR with an EC50 of 142 nM. 
1,2-dhATQ an extensively studied PAH was found to be only moderately toxic under 
SSR, with an EC50 of 54.  
 The slopes of the SSR treatment concentration response curves were generally 
much steeper than those of the other radiation treatments.  ANT was found to have the 
steepest slope in the SSR treatment.  PHE and PHQ were found to have slopes that were 
slightly shallower than that of ANT but were similar enough that they might be sharing 
the same mechanism of toxicity.  ATQ was found to have the shallowest slope in the SSR 
treatment. ATQ was also found to have a very similar slope in the SSR treatment to that 
of the PAR/UV-A treatment.  The monohydroxylated ATQs (1-hATQ, 2-hATQ) had 
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very similar slopes to each other.  These slopes closely matched those of 1-hATQ and 2-
hATQ in the PAR/UV-A treatments.   
The concentration response curves for ANT across all lighting regimes showed a 
1000 fold change in concentration from dark regimes to the SSR regimes (Fig 2.2).  The 
ANT concentration response curves also showed very different slopes across the four 
lighting conditions.  The EC50s varied from the 4902 nM in the dark to an EC50 of 4.87 
under SSR.    
The EC50s for ATQ showed a tenfold change in toxicity from the dark to the 
PAR treatment.  However, the ATQ EC50s for the PAR, PAR/UV-A and SSR treatment 
were not statistically different, at 188, 156 and 142 nM respectively.  The dark treatment 
produced an EC50 of 1625 nM.  Interestingly the slopes of all of the ATQ concentration 
response curves were very similar across all four of the lighting regimes. 
The concentration response curves for both 2-hATQ and 1-hATQ were very 
similar across all of the lighting regimes.  The EC50s for 1-hATQ ranged from greater 
than maximum solubility (8000 nM) under dark conditions to 24.4 nM under SSR 
conditions.  When exposed to PAR lighting, 1-hATQ increased in toxicity by 10 fold 
over that of the dark treatment to 332 nM.  The addition of UV-A light did not have an 
impact on the toxicity of 1-hATQ.  The EC50 for the 1-hATQ PAR/UV-A treatment was 
378 nM, which was not found to be statistically different from that of the PAR only 
treatment.  2-hATQ was found to be remarkably similar to 1-hATQ with the PAR and 
PAR/UV-A treatments having EC50s that were not statistically different.   
1,2-dhATQ, 1,3-dhATQ, and 1,2,4-thATQ, were all found to have similar EC50s 
across all 4 of the lighting regimes.  The EC50s of the dark treatment were similar for the 
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3 PAHs and were not statistically different at 6646 nM (1,2-dhATQ), 6825 nM (1,3-
dhATQ) and 5034 nM (1,2,4-thATQ).  The EC50s for the PAR and PAR/UV-A 
treatments were similar but statistically different.  However the SSR treatments EC50s 
were not statistically different from each other for 1,2-dhATQ, 1,3-dhATQ and 1,2,4-
thATQ.  The slopes of 1,2-dhATQ, 1,3-dhATQ and 1,2,4-thATQ were also very similar 
to each other across all four of the lighting regimes, with the exception of 1,2,4-thATQ 
under the dark treatment which the steepest slope of any of the 15 PAHs tested. 
The EC50s for 1,4-dhATQ and 1,8-dhATQ showed similar trends across all 4 of 
the lighting regimes.  The EC50s for 1,4-dhATQ and 1,8-dhATQ in the dark, PAR and 
PAR/UV-A treatments were not statistically different from each other across each of the 
3 treatments.  However, the EC50s for each of the treatment showed an increase in 
toxicity from dark (Low toxicity) to PAR/UV-A (High toxicity).  The EC50s for the SSR 
treatment were statistically different from each other, with 1,4-dhATQ having a EC50 of 
6.19 nM and 1,8-dhATQ having a EC50 of 28.1 nM. The slopes of the concentration 
response curves for the dark, PAR, PAR/ UV-A and SSR treatments were very similar for 
1,4-dhATQ and 1,8-dhATQ.    The slopes of the dark and the PAR treatments of both 
compounds were both unique, and did not match the slopes of the other treatments.  The  
PAR/UV-A and the SSR treatments for both compounds, had slopes that were very 
similar.   
BAA was found to be less toxic than its primary photoproduct BAQ in the dark 
treatment, with EC50s of 2404 nM and 1388 nM respectively.  The EC50s for the two 
compounds decreased as the amount of actinic radiation increased.  Both compounds had 
comparable EC50s across the PAR, PAR/UV-A and SSR treatments and were found not 
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to be statistically different.  The slopes of BAA varied across all four of the lighting 
regimes.  BAQ had slopes in each of the 4 lighting regimes that mirrored BAA almost 
perfectly, with the exception being BAQ under SSR which had a much steeper slope than 
BAA. 
The EC50 for PHE was found to be 50% less toxic in the dark than its primary 
photoproduct PHQ, with EC50s of 3167 nM and 2078 nM respectively.  The EC50s of 
the PAR treatments for PHE (444 nM) and PHQ (524 nM) were found to be statistically 
the same.  The PAR/UV-A and SSR treatments for both compounds were found to be 
different from each other (PHE > PHQ in PAR+ UV-A, PHE < PHQ SSR).  The 
concentration response curves for both PHE and PHQ were found to be very similar in 
the dark and PAR treatments.  Under the PAR/UV-A and SSR treatments however, PHE 





Figure 2.2 Concentration response curves for anthracene (ANT) to Hyalella azteca 
under four lighting conditions. Photosynthetically Active Radiation (PAR, 400-700 





Figure 2. Concentration response curves for anthraquinone (ATQ) to Hyalella 
azteca four three lighting conditions. Photosynthetically Active Radiation (PAR, 400-






Figure 2.4 Concentration response curves for 1-hydroxyanthraquinone (1-hATQ) to 
Hyalella azteca under four lighting conditions. Photosynthetically Active Radiation 
(PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet Radiation 





Figure 2.5 Concentration response curves for 2-hydroxyanthraquinone (2-hATQ) to 
Hyalella azteca under four lighting conditions. Photosynthetically Active Radiation 
(PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet Radiation 





Figure 2.6 Concentration response curves for 1,2-dihydroxyanthraquinone (1,2-
dhATQ) to Hyalella azteca under four lighting conditions. Photosynthetically Active 
Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet 





Figure 2.7 Concentration response curves for 1,3-dihydroxyanthraquinone (1,3-
dhATQ) to Hyalella azteca under four lighting conditions. Photosynthetically Active 
Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet 





Figure 2.8 Concentration response curves for 1,4-dihydroxyanthraquinone (1,4-
dhATQ) to Hyalella azteca under four lighting conditions. Photosynthetically Active 
Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet 





Figure 2.9 Concentration response curves for 1,8-dihydroxyanthraquinone (1,8-
dhATQ) to Hyalella azteca under four lighting conditions. Photosynthetically Active 
Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet 





Figure 2.10 Concentration response curves for 1,2,4-trihydroxyanthraquinone 
(1,2,4-thATQ) to Hyalella azteca under four lighting conditions. Photosynthetically 
Active Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), 





Figure 2.11 Concentration response curves for 1,2,5,8-tetrahydroxyanthraquinone 
(1,2,5,8-thATQ) to Hyalella azteca under four lighting conditions. Photosynthetically 
Active Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), 





Figure 2.12 Concentration response curves for 1,2,10-trihydroxyanthracene (1,2,10-
thANT) to Hyalella azteca under four lighting conditions. Photosynthetically Active 
Radiation (PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet 





Figure 2.13 Concentration response curves for benzo(a)anthracene (BAA) to 
Hyalella azteca under four lighting conditions. Photosynthetically Active Radiation 
(PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet Radiation 





Figure 2.14 Concentration response curves for benzo(a)anthraquinone (BAQ) to 
Hyalella azteca under four lighting conditions. Photosynthetically Active Radiation 
(PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet Radiation 





Figure 2.15 Concentration response curves for phenanthrene (PHE) to Hyalella 
azteca under four lighting conditions. Photosynthetically Active Radiation (PAR, 400-






Figure 2.16 Concentration response curves for phenanthraquinone (PHQ) to 
Hyalella azteca under four lighting conditions. Photosynthetically Active Radiation 
(PAR, 400-700 nm), Ultraviolet Radiation A (UV-A, 320-400 nm), Ultraviolet Radiation 
B (UV-B, 290-320 nm). 
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2.3  Discussion 
The toxicities for 15 PAHS and oxyPAHs were determined under 4 different 
irradiation regimes: Dark, PAR, PAR/UV-A and SSR (Table 2.2).  The PAHs and 
oxyPAHs were generally found to be toxic to Hyalella azteca, under all of the lighting 
regimes.  They generally became more toxic as increasing amounts UV radiation was 
added.  Much of the dark and several of the SSR EC50s are in agreement with published 
data for Hyalella azteca (Wilcoxen et al. 2003, Hatch 1999).  Much of the data showed 
similar trends in toxicity to those found by Lampi et al. (2005) and Xie et al. (2006) for 
Daphnia magna.  The major exceptions were ANT, PHE and 1,2dh-ATQ which were 
found to be more toxic in Hyalella azteca than in Daphnia magna. 
PAHs under all lighting regimes were considered acutely toxic if the 96h EC50 
value was less than 3000 nM.  Under these conditions 6 of the 12 oxyPAHs (ATQ, 1,4-
dhATQ, 1,8-dhATQ, BaQ and PHQ) and one of the parent PAHs (BAA) exhibited acute 
toxicity in the dark treatments.  Of the 6 oxyPAHs that exhibited toxicity without a 
lighting source, 1,8-dhATQ was the most toxic with an EC50 of 910 nM.   Four of the 
oxyPAHs had EC50s that were greater than the maximum solubility of the oxyPAH, 
including, 1-hATQ, 2-hATQ, 1,2,5,8-thATQ and 1,2,10-thANT.  This finding is similar 
to that of Lampi et al. 2005 who found that 1-hATQ and 2-hATQ did not display 
adequate toxicity below their solubility limits to calculate an EC50 value for Daphnia 
magna (Lampi et al. 2005).  This finding also suggests that several oxyPAHs may not be 
acutely toxic in the absence of actinic radiation.  Surprisingly only 2 of the 4 regulated 
compounds (BAA, ATQ) were found to be acutely toxic to Hyalella azteca in the dark.  
The other 2 regulated compounds (ANT and PHE) were found not to be acutely toxic in 
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the dark treatments with EC50s around 5000 nM.  Also BAA was one of the least toxic 
compounds in the Dark treatment, which suggests that regulation of some of the more 
toxic compounds (1,8-dhATQ, 1,4-dhATQ) is needed. 
When looking at concentration response curves, in the dark treatment, the three 
unhydroxylated quinones (ATQ, BAQ, PHQ) were all found to have similar slopes.  They 
also all had EC50s that were similar in magnitude.  This suggests that these “parent” 
quinones possibly share a similar mechanism of toxicity under dark conditions. Many 
researchers have found that PAHs with similar structures have similar modes of toxicity, 
and structure activity models have been developed based on these data sets (Huang et al. 
1997, El-alawi et al. 2002, Lampi et al. 2007). One mechanism that has been suggested 
for quinones is mitochondrial disruption and ROS production via redox cycling (Xia et al. 
2004, Xie et al. 2007).  In two separate studies, it was found with PHQ (Xie et al. 2007), 
ATQ, and BAQ (Xia et al. 2004) that these 3 PAHs can disrupt mitochondrial electron 
transport, and produce ROS, which in turn can cause irreversible oxidative damage to the 
organism. 
The concentration response curves for the dihydroxyanthraquinones (1,2-dhATQ, 
1,3-dhATQ, 1,4-dhATQ, 1,8-dhATQ) in the dark treatment also exhibited very similar 
slopes.  However the EC50s for these compounds varied over four orders of magnitude, 
with 1,4-dhATQ (EC50: 1089 nM) and 1,8-dhATQ (EC50: 910 nM) being much more 
toxic than 1,2-dhATQ (EC50: 6645 nM) and 1,3-dhATQ (EC50: 6824 nM)  This 
suggests that these compounds all  share a similar mechanism of toxicity.  Two 
mechanisms have been proposed for the acute toxicity of these compounds.  Babu et al 
(2001) found that 1,2-dhATQ disrupts the chloroplast electron transport chain, via redox 
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cycling in Lemna gibba. A study performed by Bondy et al. (1994) found that 1,4-
dhATQ and 1,8-dhATQ due to their planar structure, are able to intercalate  into DNA 
strands in mammals, disrupting hydrogen bonding.  
The data from the PAR lighting regime produced EC50 values that were on 
average 2-20 fold lower (more toxic) than the EC50s for the dark treatments.  These 
EC50s ranged from 108 nM for ANT, to 1295 nM for 1,2,5,8-thATQ.  1-hATQ, 2-hATQ 
and 1,2,5,8-thATQ showed a the largest increase in toxicity under the PAR treatment 
increasing by 15-20 fold, compared to that of the dark treatment.  This large jump in 
EC50 is most likely due to the ability of each of these three quinines (1-hATQ, 2-hATQ 
and 1,2,5,8-thATQ) to absorb PAR (Mallakin et al. 1999).  The least toxic of the PAHs in 
the PAR treatment was 1,2,10-thANT, with an EC50 of 4890 nM.   This compound does 
not absorb PAR light, which is likely the reason for the change in toxicity.  ANT which 
was found not to be acutely toxic in the dark treatment, when exposed to PAR became 
the most toxic compounds with an EC50 of 108 nM.  This result is surprising as ANT is 
not known to absorb PAR light.  One possible reason for this is ANT once 
ingested/inhaled can intercalate into DNA and bind to guanine bases causing base mis-
pairing.  This DNA disruption has been known to be influenced by the amount of 
CytP450 and other mono-oxygenases, which modify ANT into epoxides with greater 
bioavailability and a different absorption spectrum (Shou et al. 1996).  This mechanism 
usually results in chronic toxicity, however several studies have linked acute PAH 
toxicity to this mechanism (Shou et al. 1996, Kurihara et al 2005).     
It is interesting to note that the parent PAHs (ANT, BAA, PHE) under the PAR 
lighting showed remarkable similarities in EC50s to their primary photoproducts (ATQ, 
 61
BAQ, PHQ).   In particular the EC50s of BAA and BAQ were compared, and PHE and 
PHQ were compared, they were found not to be statistically different.  Also the 
concentration-response-curve for the parent PAH (BAA, PHE) when compared to its 
primary photoproduct (BAQ, PHQ) had very similar slopes.  This suggests that these 
compounds likely share a similar mechanism of toxicity.   It is also very likely that ANT, 
BAA and PHE are being partially or completely photomodified into their primary 
photoproducts (ATQ, BAQ, PHE) (Huang et al 1997, Mallakin et al. 1999, Lampi et al. 
2005). 
In the PAR/UV-A treatments the EC50 values ranged from 103 nM in BAQ to 
894 nM in 1,2,10-thANT.  Under this regime, the EC50s showed a 2-5 fold increase in 
toxicity over that of the PAR treatments.  This increase in toxicity is likely due to the 
increase in radiation being absorbed as most PAHs absorb more strongly in the UV-A 
region of the spectrum than in the PAR region of the spectrum.  The exception to this was 
ANT and ATQ which showed no statistical change in toxicity from PAR to PAR/UV-A.  
This is surprising as ANT only absorbs UV-B light and should not increase in toxicity in 
the presence of PAR or UV-A. One possible explanation for this might be that the 
addition of UV-A radiation and PAR influence the toxicity of ANT in a similar fashion, 
minimizing any change in toxicity in the presence of both types of radiation.  For ATQ 
this result was not expected as ATQ does not absorb PAR light and should increase in 
toxicity only when absorbing UVA.  It is likely that the toxicity of the ATQ treatments is 
predominantly due to interference with a biological process, likely the mitochondrial 
electron transport chain in Hyalella azteca.  This type of interference has been 
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documented in other PAHs the presence of PAR light in similar compounds (1,2-dhATQ) 
and is a result of ROS damage via redox cycling (Babu et al. 2001).  
Under the PAR/UV-A treatment the greatest change in EC50 was observed in 
1,2,10-thANT.  1,2,10-thANT increased in toxicity 5 fold, from 4890 nM for the PAR 
treatment to 894 nM in the PAR/UV-A treatment.  This large change in EC50 can be 
attributed to 1,2,10-thANTs strong absorption of UV-A.  Interestingly, even with this 
large change in EC50, 1,2,10-thANT remains the least toxic of all of the PAR/UV-A 
trials. 
An interesting observation was that all of the hydroxylated anthraquinones (1-
hATQ, 2-hATQ, 1,2-dhATQ, 1,4-dhATQ, 1,8-dhATQ, 1,2,4-thATQ and 1,2,5,8-thATQ) 
with the exception of 1,3-dhATQ had EC50s that were similar in magnitude.  However 
the slopes of the hydroxylated anthraquinones concentration response curve varied for 
each of the different chemicals.  This suggests that even though they share similar EC50s 
the mechanisms of toxicity might be different for each of the hydroxylated 
anthraquinones.   
ANT and BAA were found to have similar slopes and EC50s to their primary 
photoproducts ATQ and BAQ.  This suggests that these compounds share a common 
mechanism of toxicity with their primary photoproducts.  PHQ was found to have the 
steepest slope in the PAR/UV-A treatment.  PHE shared a similar albeit slightly 
shallower slope to that of PHQ.  Their EC50s however were not close, which suggests 
that PHQ and PHE unlike the other parent/primary photoproduct pairs do not share a 
similar mechanism of toxicity under PAR/UV-A lighting.  Also PHE under UV-A rapidly 
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becomes photomodified into PHQ, whereas PHQ is realatively stable under UV-A light 
(McConkey et al. 1997)  
In general most PAHs in the SSR treatment were found to increase in toxicity by 
5-20 fold over that of the PAR/UV-A treatments. The most toxic compounds in the SSR 
treatment were ANT and BAQ with EC50s of 4.87 nM and 5.82 nM respectively.  These 
two compounds were predicted to be the most toxic due to their ability to form copious 
numbers of photoproducts.  ANT in particular has been shown to form more than 20 
photoproducts when irradiated with SSR, and becomes almost completely photomodified 
(undetectable in samples) after four hours (Mallakin et al. 1999, 2000).  Due to ANTs 
degradation to other products under SSR, the complex interactions and the multiple 
photoproducts produced, it is not surprising that the EC50 of ANT is the lowest of any of 
the chemicals tested.  The other parent PAHs (PHE, BAA) were also very toxic in the 
SSR treatment with EC50s of 10.9 nM and 12.2 nM respectively.  These compounds 
were found to be slightly less toxic than their primary photoproducts (BAQ, PHQ).  BAA 
however had a concentration response curve slope that was almost identical to that of 
BAQ.  This is indicative that these chemicals likely share a similar toxicity mechanism.  
It could also indicate that BAA is being photomodified into BAQ, based on the 
similarities in their slopes and EC50s. This also suggests that UV-B plays a key role in 
PAH phototoxicity.  Lampi et al. (2005) and Huang et al. (1995; 1997) found similar 
results in Daphnia magna and Lemna gibba respectively. 
The EC50s for ANT for the four different treatments showed a 1000 fold change 
in toxicity from the Dark treatment (EC50: 4902 nM) to the SSR treatment (4.87 nM).  
The SSR values matched results found by Mallakin et al. (1999) under the same 
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conditions (10.6 nM). The slopes of the concentration response curves across the four 
treatments showed four unique slopes.  This suggests that ANT under each of the 
treatments might have different toxicity mechanisms.  Interestingly the PAR/UV-A 
treatment was slightly less toxic than that of the PAR treatment.  One possible reason for 
this is that under PAR lighting some oxidative stress defenses (Mono-oxygenases, 
Catalase, Superoxide dismutase) may not be up-regulated as much as when UV-A is 
present.  A study by Fernadez and L’Haridon (1992) showed that ANT in the presence of 
UV-A light causes CytP450, and Catalase to be up-regulated in Triturus vulgaris 
(Newts).  They also showed that ANT under PAR lighting does up-regulate these genes 
but at about 40% of that of the UV-A trials (Fernandez and L’Haridon. 1992).     Also it 
has been shown that in the presence of UV-A ANT can undergo some photomodification 
which leads to a wide range of photoproducts, including ATQ (Mallakin et al. 1999, 
Lehto et al. 2003).   Under PAR and PAR/UV-A light the EC50s for ANT and ATQ 
correlated very well.  This is indicative that ANT might be photomodified into ATQ, 
which in turn might be eliciting the responses observed (Lehto et al. 2003). 
 One set of data that did not seem to fit with the other PAHs was the EC50 values of 
ATQ, which did not decrease across PAR, PAR/UV-A and SSR treatments.  ATQ was 
found to be relatively non-toxic in the absence of light, but in the presence of PAR 
lighting, it became one of the most toxic of the PAHs.  However in the presence of 
PAR/UV-A the compound only slightly increased in toxicity.  Furthermore the difference 
between the PAR/UV-A EC50 (156 nM) and the SSR EC50 (142 nM) were found not to 
be statistically different.  This finding is surprising due to the fact that ATQ absorbs 
strongly in the UV-A/UV-B portion of the electromagnetic spectrum and minimally in 
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the PAR region (Mallakin et al. 1999).  One reason for this might be that ATQ is more 
water soluble than other PAHs, and therefore may be easily excreted or metabolized by 
the organism, leaving only photosensitization as the primary mechanism of action.  The 
data also suggests that the stability of ATQ might contribute to the lack of further toxicity 
under UV-A/UV-B lighting, due to lack of further photoproducts being produced.  
 The EC50 for 1-hATQ under each of the four treatments became increasingly more 
toxic as more UV radiation was added.  The EC50s increased in toxicity from being 
acutely non-toxic in the dark treatment to being very toxic in the SSR treatment with an 
EC50 of 24.4 nM.   The greatest change in 1-hATQ toxicity was observed under the PAR 
treatment increasing 100 fold over that of the dark treatment.  The strong PAR 
absorbance of 1-hATQ is likely responsible for this large increase in toxicity (Mallakin et 
al. 1999).  The slopes of 1-hATQs concentration response curves are all very similar, in 
the PAR, PAR/UV-A and SSR treatments.  This suggests that 1-hATQ under PAR, 
PAR/UV-A and SSR all share a similar toxicity mechanism.  One proposed mechanism is 
that 1-hATQ forms Michael-adducts with biological molecules, resulting in disruption of 
biological processes (Tanaka et al. 1995, Briggs et al. 2003).   
 Interestingly one of the most studied PAHs 1,2-dhATQ was found to be one of the 
least toxic.  1,2-dhATQ was found to have an EC50 in the dark treatment of 6645 nM.  
This value is comparable to EC50s determined in Daphnia magna (Lampi et al. 2006) 
and Lemna gibba (Mallakin et al. 1999).  1,2-dhATQ was found to increase in toxicity as 
the wavelengths of radiation added was increased from PAR to SSR.  The EC50 
increased by 100 fold over the four treatments.  The slopes of the concentration response 
curves for 1,2-dhATQ were almost  identical across all four treatments.  This suggests 
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that 1,2-dhATQ has a similar mechanism of toxicity across all of the different conditions.  
One proposed mechanism has been intensively studied in dark reactions suggests that 
1,2-dhATQ blocks mitochondrial electron transport (Tripuranthakam et al. 1999).  A 
similar mechanism has shown that 1,2-dhATQ in the presence of  Cu can redox cycle, 
resulting in the depletion of the ubiquinone pool and the production of large amounts of 
ROS (Babu et al. 2001).  Babu et al (2003) found that SSR radiation can elicit a similar 
response in the place of Cu in the mitochondrial electron transport chain when 1,2-
dhATQ is present.   
 1,3-dhATQ was found not to have statistically different EC50s from 1,2-dhATQ 
across all four of the radiation treatments.  1,3-dhATQ also had slopes that were almost 
identical to those of 1,2-dhATQ.   This indicates that 1,3-dhATQ may share a similar 
mechanism of toxicity to that of 1,2-dhATQ, which is likely that of mitochondrial 
disruption and ROS production indicated in the previous paragraph.  
1,4-dhATQ and 1,8-dhATQ showed similar trends in their EC50s across all four 
of the lighting regimes.  The EC50s for 1,4-dhATQ and 1,8-dhATQ in the dark, PAR and 
PAR/UV-A treatments were not statistically different from each other.  The EC50s 
however did decrease as UV radiation was added.  The EC50s for the SSR treatment 
were statistically different, with 1,4-dhATQ having a EC50 of 6.19 nM and 1,8-dhATQ 
having a EC50 of 28.1 nM. The slopes of the concentration response curves for the dark, 
PAR, PAR/ UV-A and SSR treatments were very similar for 1,4-dhATQ and 1,8-dhATQ.    
The slopes of the dark and the PAR treatments of both compounds were both unique, and 
did not match the slopes of the PAR/UV-A and the SSR treatments which had slopes that 
were almost identical.  This suggests that both 1,4-dhATQ and 1,8-dhATQ share similar 
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toxicity mechanisms under each of the three different lighting treatments.  It also suggests 
that the there are 3 different toxicity mechanism present for these chemicals.  The first 
being a toxicity mechanism in the absence of light, the second being mechanism under 
PAR lighting and the third mechanism in the presence of PAR/UV-A or SSR.  The dark 
treatment toxicity of 1,4-dhATQ and 1,8-dhATQ has been shown to be caused by 
inhibition of topoisomerase II, and via DNA adducts (Bondy et al. 1994, Flowers-Geary 
et al. 1996).   Two other mechanisms have been speculated for toxicity of these chemicals 
under SSR lighting.  These mechanisms are ROS production via mitochondrial inhibition 
and adduct formation with biological molecules (Ankley et al. 1994, Lampi et al 2006).    
Benzo(a)anthracene and its derivatives are known to be acutely toxic (Dong et al. 
2002, Feldmannová et al. 2006). BAA was found to be about 2 fold less toxic than its 
primary photoproduct BAQ, with EC50s of 2404 nM and 1387 nM.  The Dark EC50 for 
BAA (2404 nM) corresponds well to that in the literature of 3583 nM for Daphnia 
magna. The EC50s of BAA and BAQ however were not statistically different for the 
PAR, PAR/UV-A and SSR treatments.  The slopes of the concentration response curves 
were also very similar in shape, with the exception of BAQ in the SSR treatment which 
was much steeper than that of BAA.  This data suggests that BAA and BAQ share similar 
toxicity mechanisms in the dark, PAR and PAR/UV-A treatments.  It also suggests that 
the mechanism varies for each of the lighting conditions as the slopes of the 
concentration response curves are different for each of the lighting regimes.  It is also 
very likely that BAA and BAQ under SSR do not share the same toxicity mechanism.  
One explanation for this similarity in EC50s and slope in the PAR and PAR/UV-A 
treatments is that BAA is becoming photomodified into BAQ.  However if this is the case 
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then we should expect that BAA and under SSR would have the same slope, which is not 
the case. A known mechanism for BAQ toxicity is via DNA cleavage in the dark 
treatments.  In the presence of UV-B the suggested toxicity mechanism is ROS (Dong et 
al. 2002, Lehto et al. 2003). 
PHE has been shown in many studies to be very toxic to organisms (McConkey et 
al 1997, Xie et al. 2005).  The EC50 for PHE in the dark treatment was 3167 nM.  This 
EC50 corresponds well to EC50s published for other organisms, Daphnia magna (3923 
nM) (Lampi et al. 2005), Vibrio fischeri (2973 nM) (McConkey et al 1997) and Lemna 
gibba (5890 nM).  PHQ, the primary photoproduct of PHE, was found to be more toxic 
than PHE under the dark treatment, with an EC50 of 2078 nM.  This value is very similar 
to that found in Daphnia magna (1720 nM) (Xie et al. 2005).  Xie et al. (2005) suggested 
that this increase in toxicity might be due in part to the higher water solubility of PHQ 
compared to that of PHE.  The EC50s for the PAR and PAR/UV-A treatments showed 
that PHE was more toxic than PHQ.  The slopes of the PAR and PAR/UV-A treatment 
curves for both compounds are very similar.  This result is surprising as PHE in the 
presence of PAR or UV light becomes photomodified into PHQ and other photoproducts 
(McConkey et al. 1997, Lehto et al. 2003).  One possible explanation is that PHE is 
becoming photomodified into another more toxic product than PHQ, possibly 1,2-dhPHQ 
(Lehto et al. 2003).   The toxicity mechanism that has been proposed for PHQ toxicity is 
via an ortho-quinone redox cycling mechanism (Flowers-Geary et al. 1996, Xie et al. 
2006). The EC50s for the SSR treatment for PHE and PHQ differed from each other, 
with PHQ (5.89 nM) being more toxic than PHE (12.2 nM).  This is reversal in trends 
from the PAR and PAR/UV-A data was not expected.  The increase in PHQ toxicity over 
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that of PHE is likely due to the slight dip in absorbance that PHE has around the UV-B 
wavelength (315 nM), whereas PHQ has a strong absorption throughout the UV-B range 
(290 nM-320 nM). 
Among the EC50s no clear trend emerged, when analyzing the EC50 compared to 
the positions of the hydroxyl groups.  Also the slopes of the concentration response 
curves showed no clear trend, suggesting that their might be several mechanisms of 
toxicity across for each of the PAHs.   This is indicative that PAHs and oxyPAHs most 
likely have distinct mechanisms of toxicity.  This might also be explained by the 
differences of PAHs absorbance and the resulting production of reactive oxygen species 
(ROS) from photon absorbance. 
Throughout all of the varying spectra, the toxicities of the parent PAHs ANT, 
PHE, and BAA showed a clear increase in toxicity in the presence of UV light.  The 
toxicities of the parent PAHs was as follows: ANT > PHE > BAA.   This ordering of 
toxicity, matched the rates of photo-oxidation found by Huang et al. (1995) for these 
three PAHs (ANT >> PHE > BAA). This finding suggests that the toxicity of these 
compounds is linked to its rate of photomodification.  It also suggests that the primary 




Toxicity of Cu, Cd, Ni and Zn to Hyalella azteca: The effects of 
PAR and UV radiation. 
3.0  Introduction 
 Metals, a class of environmental contaminants that primarily come from 
anthropogenic sources, are common contaminants in both aquatic and terrestrial 
environments.  Many metals are beneficial to organisms in low amounts and are essential 
to life (Abel, 1989).  However, when present at environmentally relevant concentrations, 
metals also induce a large assortment of toxic effects on organisms, and can be cytotoxic 
and carcinogenic.  Many metals, including Cd, Cu, Ni, and Fe are capable of inducing 
ROS formation, which is thought to be one of the primary causes of metal cytotoxicity 
and carcinogenicity (Kasprzak 1989, Pourahmad et al. 2000, Xie et al. 2006;2007). 
 A study by Borgmann et al. (2005) showed that the toxicity of 63 metals to 
Hyalella azteca was directly linked to water hardness.  This study also showed that the 
charge on the metal ion did not correlate directly with the relative toxicity.  In separate 
studies, Goldstein et al. (1993) and Pourahmad et al. (2003) both demonstrated that Cu in 
the presence of a biological reducing agent can produce hydroxyl radicals from hydrogen 
peroxide via Fenton-Type reactions (Goldstein et al. 1993, Pourahmad et al. 2003).  
Studies have also demonstrated that in the presence of SSR, Cu toxicity is greatly 
increased in the aquatic plant Lemna gibba (Babu et al. 2003, Akhtar 2004). Babu et al 
(2003) also found that both Cu and UV-B light elicited similar ROS production, 
indicating that they likely share a similar toxic mechanism.  A separate study 
 71
demonstrated that the toxicity of Cd is likely due to mitochondrial disruption via an 
oxidative stress mechanism (Bolduc et al. 2004). 
Metal toxicity to Hyalella azteca has been widely documented in the literature, 
but very little work has been done that examines the effects of metals combined with 
actinic radiation in Hyalella azteca.  This chapter addresses the gaps in the current 
literatures, attempting to determine the effects of different wavelengths of light on metal 
toxicity in Hyalella azteca. 
 
3.1  Materials and Methods  
 The metals cadmium (Cd), copper (Cu), nickel (Ni) and zinc (Zn) were tested at 
seven different concentrations to determine the EC50 values for each metal. Assay 
conditions were performed the same as in the 96h PAH assay (section 2.2), except that 
metal salts were added instead of PAHs.  Stock solutions of metals were of the highest 
purity available (Table 3.1) and purchased from Sigma Chemical Company (St Louis, 
MO, USA). These metals were tested under 3 different lighting regimes using a 16:8 
light:dark cycle and a Dark treatment.  The test solution was statically renewed after 48 
hours to ensure a constant concentration of metals.  After 96 hours, mobility was assessed 
by gentle prodding. Immobility was considered mortality. Each treatment was performed 
in triplicate.  Water loss due to evaporation was 10mL/week, which was considered 
negligible. Test conditions were kept the same as in the previous experiment described in 
Chapter 2.  The animals were grown and maintained under the same conditions described 
in Chapter 2.1.1 – Test Organisms.  The lighting conditions were as described in Chapter  
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Table 3.1 Purities of Metals used in the 96h Metal Assays. 





Abbreviations for Metals: Copper (Cu), Cadmium (Cd), Nickel (Ni), Zinc (Zn) 
 73
2.1.3 – Lighting Sources.  The data were analyzed as described in Chapter 2.1.4 – Data 
Analysis.   
 
3.2  Results  
 The toxicity of Cu, Cd, Ni, and Zn were determined by using the regression 
model described in section 2.1.4.  From this data, concentration response curves were 
plotted and EC50s determined.  The toxicities for each of the treatments are shown in 
Table 3.2.  The responses to the metals varied greatly with lighting conditions ranging 
from Cd with no response to light, to that of Cu which became increasingly toxic as the 
amount of UV radiation increased from Dark to SSR.  The metal concentration response 
curves varied from metal to metal, and the slopes varied across the lighting conditions.  
The differences in slopes are illustrated for each of the metals in Figures 3.1-3.4. 
 In the dark treatment, Ni was found to be the least toxic metal with an EC50 of 3032 
nM, and Cd was found to be the most toxic metal with an EC50 of 97.8 nM.   Zn was 
found to have low toxicity under the dark conditions with an EC50 of 2110 nM.  Cu was 
found to be moderately toxic in the dark treatment with an EC50 of 1400 nM.  The slopes 
of the metals under the dark treatment varied from metal to metal.  Cd was found to have 
the steepest slope.  Zn and Ni had slopes that were very similar in shape, and were both 
the shallowest slopes in the dark treatment.  Cu had a slope that was not similar to the 
other 3 metals and was steeper than that of Zn and Ni. 
  Under the PAR lighting regimes the toxicities of Cu and Ni showed a slight decrease 
in EC50s.  Cu increased in toxicity from 1400 nM in the dark treatment to 975 nM in the 
PAR treatment.  Ni increased in toxicity slightly from 3032 nM to 2691 nM.  The 
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toxicities of Zn and Cd showed no statically significant change in toxicity from the dark 
treatment to the PAR treatment.  The concentration response curves for the PAR 
treatment showed a wide range of slopes.  The slopes of all four metals in the PAR 
treatments were almost identical to those of each of the metals in the dark treatments.   
 The PAR/UV-A treatments showed an increase in toxicity for Cu and Ni.  Cu in the 
presence of PAR/UV-A light showed a 5 fold increase in toxicity from 975 nM under 
PAR to 180 nM under PAR/UV-A treatment. With the addition of UV-A light Ni also 
showed an increase in toxicity from 2691 nM to 1761 nM.  Cd and Zn did not show a 
statistically significant change in toxicity as UV-A was added.  The slopes of the 
concentration response curves for Zn and Cd stayed the same as in the dark and PAR 
treatments, with Cd being the steepest and Zn being the shallowest.  The slope of the Cu 
treatment however was slightly steeper in the PAR/UV-A treatments than in the Cu dark 
and PAR treatments.  The Ni concentration response curve was much shallower in the 
PAR/UV-A treatment compared to Ni in the dark and PAR treatments. 
 The SSR treatment resulted in an increase in toxicity for Cu and Ni relative to the 
PAR/UV-A treatment.  Cd and Zn however did not increase in toxicity under the SSR 
treatment.  When exposed to SSR, Cu showed a greater than 10 fold increase in toxicity, 
compared to the PAR/UV-A treatment, increasing from 180 nM to 10.5 nM.  Ni 
increased in toxicity by 10% from 1761 nM to 1550 nM.  Cd and Zn showed no statistical 
change in toxicity under the SSR treatment compared to that of the PAR/UV-A.  The 
concentration response curves for the SSR treatment showed no change in slopes for Cd 
and Zn.  Cu however had the steepest slope, which did not look similar to any of the other 
treatments.  
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Table 3.2 Toxicity of four Metals to Hyalella azteca under Dark, PAR, PAR/UV-A 
and Simulated Solar Radiation (SSR). 
Metal Dark 
( nM) ± SD 
PAR ( nM) ± SD PAR + UV-A ( 
nM) ± SD 
SSR ( nM) ± SD 
Cu 1400 ± 303 975 ± 45.8 180 ± 58.4 10.5 ± 0.35 
Cd 97.8 ± 8.41 92.6 ± 11.4 110 ± 7.65 106 ± 12.5 
Ni 3033 ± 156 2691 ± 308 1761 ± 261 1550 ± 218 
Zn 2110 ± 400 2346 ± 217 2089 ± 189 1957 ± 298 
Animals were incubated with metals under dark, PAR, PAR/UV-A and (SSR) lighting 





Figure 3.1 Concentration response curves for Copper (Cu) to Hyalella azteca under 

















Figure 3.2 Concentration response curves for Cadmium (Cd) to Hyalella azteca 

















Figure 3.3 Concentration response curves for Nickel (Ni) to Hyalella azteca under 

















Figure 3.4 Concentration response curves for Zinc (Zn) to Hyalella azteca under 
four lighting conditions.  Dashed red line represents 50% survival.  
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3.3  Discussion  
  The toxicity of Cd, Cu, Ni, Zn were assessed under 4 different lighting conditions, 
dark, PAR, PAR/UV-A and SSR (Table 3.2).  The metals were generally found to be 
non-toxic at environmentally relevant levels (Borgmann et al. 2005).  However, when 
exposed to increasing levels of actinic radiation each of the metals acted differently, some 
becoming exceedingly toxic at environmentally relevant levels (Cu) and some showed no 
change in toxicity with varying lighting conditions (Cd).  The differences in metal 
toxicity are likely due to differences reactivity and ROS generation, although there are 
several other proposed mechanisms..    
   Under the Dark conditions, Ni and Zn were found to be relatively non-toxic at 
environmentally relevant conditions with EC50s of 3033 nM and 2110 nM respectively.    
As expected Cu was found to be mildly toxic in the dark with an EC50 of 1400 nM which 
are similar to published results (Borgmann et al. 2005).  Cd was found to be exceedingly 
toxic in the absence of light with an EC50 of 97.8 nM.  These values correlate well with 
published data from Gurst et al. (2005), who found Cd has an EC50 134 nM in the 
absence of light.  These results is not surprising as most studies show that cadmium is 
acutely toxic to benthic invertebrates (Collyard et al. 1994, Gurst 2005).  Several studies 
have shown that Cd induced ROS production in Chinese Hamster Ovary cells (CHO) 
(Yang et al. 1996) and in protists (Wantanabe and Suzuki 2001).  Bolduc et al. (2004) 
suggested that in in-vitro studies Cd-induced mitochondrial disruption is the primary 
cause of acute toxicity in animal cells through oxidative stress.   These results suggest 
that if Cd is already producing ROS and inducing toxicity via this mechanism any further 
ROS production via phototoxicity will have little or no effect.  The presented Data shows 
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that the toxicity of Cd did not change across the lighting regimes.  The order of metal 
toxicity in the dark treatment was Cd>Cu>Zn>Ni. All of the EC50s obtained from the 
dark treatments were similar to those in previously published studies (Collyard et al. 
1994, Keithly et al. 2004, Borgmann et al. 2005, Gurst et al. 2005). 
 The results for the PAR treatment generally showed no statistically significant 
change in toxicity over that of the dark treatments, with Cu being the exception.   The 
EC50 for Cu showed a 30% decrease in the EC50 value going from 1400 nM in the dark 
to 975 nM in the PAR treatment.  This result is surprising as Cu has only a very weak 
absorbance in PAR (minimal absorbance at 610-700 nm, peaking at 810 nm), and 
therefore should not exhibit a large increase in toxicity under PAR.  Also the level at 
which the Cu is present is two fold lower than acute toxicity seen based on the biotic 
ligand model (BLM) (2561 nM) (Borgmann et al. 2004).  This suggests that there is 
another mechanism at work other than the BLM.  Several studies have shown that the 
effects of Cu has almost no impact under cool white fluorescent light unless present at 
high (BLM) concentrations (Babu et al. 2001:2003, Akhtar et al. 2004).   However, it 
should be noted that most of these studies were performed on plants (Peterson et al. 2000, 
Babu et al. 2001:2003), and the animal tests performed on a much shorter timescale 
(48h), on a different organism (Daphnia magna)(Kramer et al. 2004).  Previous work by 
Babu et al. (2001) and Xie et al. (2006) have shown that Cu is a redox active metal.  They 
showed that redox active metals interfere with mitochondrial electron transport chains 
(ETC) in both plants and animals at levels when exposed to UV radiation (Babu et al. 
2001;2003, Xie et al. 2006).  Babu et al. (2001) suggested that when exposed to UV light 
there is an increase in ROS production which in turn leads to an increase in toxicity.  This 
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data suggests that PAR light might also increase the production of ROS possibly through 
a PAR light chromophore.  The most likely mitochondrial chromophore is Cytochrome C 
oxidase which has an absorption peak at 684 nM (Hamblin et al. 2007).  The PAR light 
controls showed no noticeable toxicity in Hyalella azteca and were run alongside the 
PAR treatments.  The toxicity that Cu and PAR light elicited was a marked increase from 
that of the Cu on its own (1400 nM to 975 nM) suggesting that PAR has an influence on 
Cu’s toxicity.  One reason for this increase is redox cycling based on the interference in 
the mitochondrial ETC and a direct increase in ROS production. Another theory is that in 
the presence of a single stressor (Radiation or Metal) organisms are often able to adapt to 
the stressor; however, in the presence of a second stressor the load on the ROS 
scavengers and other defense mechanisms might be too great, leading to an increase of 
ROS and mortality.  This increase in ROS would likely lead to protein oxidation, lipid 
cross-linking and other cellular damage (Borgmann and Norwood 1997, Brennan et al. 
2008). 
 When exposed to UV-A treatments no statistical difference was seen in the 
toxicities of Zn and Cd when compared to either the Dark treatment or the PAR 
treatment.  The Cu treatment with PAR/UV-A light showed a 6 fold increase in toxicity 
from PAR to PAR/UV-A.  Most studies done using Cu and actinic radiation focused on 
UV-B light, however UV-B light does not penetrate as deep into the water column as 
UV-A and PAR (A-H-Mackerness et al. 1999, Babu et al. 1999:2003).  These studies also 
show that full spectrum SSR (PAR/UV-A/UV-B) causes a large increase in toxicity when 
compared to that of PAR lighting on average a 10 fold increase in toxicity.  These studies 
also suggest that UV-B is responsible for the large increase in toxicity and that UV-A 
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contributes relatively little to the toxic effects.  PAR/UV-A data presented in this thesis 
suggests that some of the toxicity of Cu under full SSR radiation is likely due to UV-A 
mechanism and that it cannot be discounted.  The slopes of the Cu concentration response 
curves all show different slopes.  This indicates that they each have a distinct mechanism 
of toxicity. 
 Ni was also found to become more toxic with the addition of UV-A resulting in a 
60% increase in toxicity over the PAR treatment, from an EC50 of 2691 nM to1761 nM.  
This increase is also surprising as most studies done on Ni/UV focus on the toxicity of 
UV-B via a redox cycling mechanism.  These studies suggest that UV-A has a negligible 
effect on metal toxicity (Lynn et al. 1997, Huang et al. 2001).  However with Ni the 
concentration response curves show very similar slopes in the PAR/UVA and SSR 
regimes.  This likely indicates that the PAR/UVA and SSR treatments are both caused by 
a similar toxicity mechanism.  These findings with Ni toxicity indicate that UV-A has a 
substantial impact and is likely acting in a similar fashion to that of UV-B.  
 The exposure to full spectrum simulated solar radiation (SSR) caused no statistical 
change in EC50s for Cd and Zn.  This result is not surprising as Cd is intrinsically toxic 
at low concentrations (Watanabe and Suzuki 2001, Bolduc et al. 2004) and the toxicity of 
Zn has not been shown to be influenced any kind of actinic radiation (Gouvea et al. 
2008).  Both of the redox active metals showed a marked increase in toxicity from that of 
the PAR/UV-A treatments.  Cu, when exposed to full SSR, increased in toxicity by a 
factor of 10.  This result is similar to that in the literature, which shows that Cu toxicity 
increases when exposed to UV-B light in other organisms (A-H-Mackerness et al. 1999, 
Babu et al. 2003, Gouvea et al. 2008).  However, based on the results from the PAR/UV-
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A treatment, the potential impact of UV-A toxicity cannot be discounted. Previous 
studies do not consider UV-A as a contributor to Cu toxicity as UV-A does not penetrate 
deep into the water column.  Hyalella azteca and many other aquatic organisms live in 
the littoral zone around lakes, where the water is shallow enough for UV-A light to 
penetrate.  As such, when future ecological risk assessment models are created to predict 
metal toxicity, the effects of UV-A on these systems should not be discounted.  
 All of the metals were found to exhibit some degree of toxicity to Hyalella azteca.  
Zn was found to be the least toxic of the chemicals, and the toxicity of Zn did not seem to 
be influenced at all by any amount of actinic radiation.  The most toxic chemical across 
the dark and PAR/UVA treatments was found to be Cd.  The toxicity of Cd was not 
affected at all by any change in levels of actinic radiation.  This leads us to conclude that 
Cd is not photoactive under wavelengths of UVB to PAR (290 nm - 700 nm).   
 Cu was found to be toxic under all of the lighting treatments.  The greatest 
toxicity for Cu was observed under the SSR treatment, which showed Cu to be the most 
toxic of the four metals tested under SSR.  Cu was found to be photoactive, with the 
response to Cu increasing in toxicity as the amount of actinic radiation increased, from 
dark through PAR, PAR/UVA to SSR.  Ni was found to have moderate toxicity across all 
four treatments.  The toxicity of Ni increased at the amount of actinic radiation increased, 
however the addition of UVB in the SSR treatment showed no statistically significant 
increase in toxicity over that of the PAR/UVA treatment.  Therefore it can be said that Cu 
and Ni are photoactive.  It can also be said that Cu phototoxicity is affected by PAR, 
UVA and UVB radiation.  Ni phototoxicity however is likely only affected by PAR and 
UVA.   
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 When developing environmental contaminant guidelines, it is important to ensure 
that the contaminant impact is properly assessed.  The data presented here supports the 
need to regulate contaminants not only by their nominal toxicity data but also by their 




Effects of PAH and Metal Mixtures on Hyalella azteca 
4.0 Introduction 
 Polycyclic aromatic hydrocarbons (PAHs) and metals are common environmental 
contaminants, often found together as mixtures (CEPA 1999, Gurst et al. 2005, Tabak et 
al. 2005).  Contamination in most aquatic environments is primarily due to anthropogenic 
sources, such as steel production and petroleum refining.  These processes often 
discharge large amounts of contaminants including PAHs, metals, and PCBs into lakes 
and rivers.  In the water column PAHs are usually associated with particulate matter; 
however, when exposed to sunlight, some PAHs can undergo photomodification, 
becoming more water soluble and more bioavailable (McConkey et al. 1997, Huang et al. 
1997, Mallakin et al. 1999, Lehto et al.2003, Lampi et al. 2005).  Furthermore, when 
exposed to sunlight, PAHs are active photosensitizers, and can produce ROS, which are 
can disrupt biological membranes (Foote 1968, Foote 1991, Xia et al. 2004).  Metals are 
also associated with particulate matter and have been shown to be toxic at 
environmentally relevant levels (Babu et al. 2003, Borgmann et al. 2005, Gurst et al. 
2005, Xie et al. 2006:2007).  Metals vary in their toxicity mechanisms, many of which 
(Cd, Cu, Ni, Fe) have been linked to ROS production (Babu et al. 2003, Bolduc et al. 
2004, Doig and Liber 2006, Xie et al. 2007). 
 Co-contamination of aquatic environments with PAHs and metals makes studying 
their potential interactions of high priority.  In particular, studies on these interactions 
need to be conducted on a keystone species.  A Benthic invertebrate like Hyalella azteca 
is an ideal model organism, as they are primary heterotrophs and play an important role 
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in the recycling of organic matter in many ecosystems. Hyalella azteca is also relatively 
stationary in their habitat and do not typically travel more than 20 m from where they 
were hatched, and thus will have constant exposure to a given contaminant mixture over 
their lifetime (Kruschwitz 1978). 
 PAHs and metal mixtures have been shown to have increased toxicity over that of 
either contaminant alone.  Xie et al. (2005) found that mixtures of Cu and PHQ resulted 
in the production of ROS and a greater than additive toxicity to Daphnia magna.   A 
study performed by Babu et al (2001) found that mixture of Cu and 1,2-
dihydroxyanthraquinone lead to the formation of ROS and redox cycling in Lemna gibba.  
They also showed that the redox cycling in these mixtures showed synergistic toxicity 
compared to the toxicity of either contaminant alone (Babu et al. 2001;2003). Xie et al. 
(2007) found that mixtures of Cd/PHQ did not lead to ROS formation and that mixtures 
of Ni/PHQ did.  Wilcoxen et al. (2003) found that adding UV-B light to Hyalella azteca 
in the presence of flouranthene increased the toxicity of the PAH. Despite the data 
available on other organisms, there have been no studies performed on the interactions of 
metals and PAHs under actinic radiation with Hyalella azteca.   The potential for 
interactions in the presence of sunlight are immense, as sunlight usually increases the 
toxicity of these compounds. Without these studies the toxicity of these mixtures might 
be overlooked, leading to an underestimation of risk.  The PAHs chosen in for this study 
were ANT, ATQ, and 1-hATQ.  These PAHs were chosen based on their similar 
structures and the large amount of data already known about their response to actinic 
radiation.  Cu, Cd, Ni, and Zn were chosen based on their differing redox states and the 
large amount of toxicity data in the literature. In this chapter, the effects of mixtures of 
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metals and PAHs to Hyalella azteca, in the presence of varying spectra of light were 
examined, in an attempt to asses the potential impact of these chemicals as a mixture. 
 
4.1  Materials and Methods 
 Four metals (Cu, Cd, Ni, Zn) and three PAHs (ANT, ATQ, 1-hATQ) were tested 
using metal concentrations based on the data obtained in Chapter 2 and Chapter 3. Assay 
conditions were kept the same as in the 96h PAH assay and the 96h Metal Assay 
(Chapter 2 and Chapter 3).  These mixtures were tested under 2 PAR (400-700 nm) and 
SSR (290-320 nm) lighting using a 16:8h light:dark cycle and a darkness treatment.  The 
PAR/UV-A lighting regime was excluded form this assay, because most metals did not 
show an increase in toxicity under PAR/UV-A lighting compared to that of the PAR 
treatment, and therefore the results of  PAH/Metals assay under PAR/UV-A light would 
likely resemble that of the PAH PAR treatments.  For these assays, the metal 
concentrations were kept constant at one of four levels (1, 10, 100 or 1000 nM) while the 
PAH concentration was varied over 7 different concentrations.  These concentrations 
were based on EC50s found during previous studies. Each treatment was performed in 
quadruplicate and repeated when necessary.  The metal concentrations used were based 
on the toxicity data from previous experiments (Section 3.1 – Metal 96h Toxicity Test).  
The three PAH concentrations used were chosen based on previous experimental data 
(Section 2.1.2 – PAH 96h Phototoxicity Assay).  The Hyalella azteca were grown and 
maintained under the same conditions described in section 2.1.1 – Test Organisms.  The 
lighting conditions were the same as described in section 2.1.3 – Lighting Sources, with 
the exception that PAR/UV-A lighting was excluded from the treatments.   
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4.1.1  Data Analysis 
 Analysis of the data was performed as described in section 2.1.4.   Additionally 
the effects of the mixtures based on the previous two experiments were analyzed by 
response addition as described by Norwood et al. (2003) and concentration addition as 
described in Sorensen et al. (2007).  In response addition, the effects of each of the 
individual components are analyzed and the predicted effect of the mixture is generated.  
The two chemicals are assumed to act additively such that the actual effect of the mixture 
will equal the sum of the effects of each of the individual components added together.  
The metals based on the previous data in chapter 3 were assumed to have no measurable 
toxic effect below 10 nM and as a result the predicted values for metal concentrations of 
1 nM and 10 nM reflect this.   If the effect of the mixture was statistically greater than 
that of the predicted effect, the mixture is said to be synergistic.  If the effect of the 
mixture was statistically smaller than that predicted it is said to be antagonistic.  If the 
effects were not statistically different from that of the predicted value it is said to be 
additive in toxicity. To determine predicted mortality, data from the two previous 
experiments was plotted into equation 4.1 with the PAH mortality being A and the metal 
mortality B.  If the effect of chemical A results in X% mortality and the effect of 
chemical B results in Y% mortality, then the predicted mortality of a given mixture (Pm) 
of chemicals A and B, can be calculated using equation 4.1 (Norwood et al. 2003).   
 
Equation 4.1  Pm = 1-(1-X/100)(1-Y/100) 
 To analyze the mixture toxicity data further, a concentration addition model was 
also applied to the data; the model chosen for this was a two sided effect isobole model.   
This model allows us to graphically represent our data in an easily presentable manner.  It 
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was used in this study because it allows use to clearly show when mixture toxicity is 
additive, synergistic and antagonistic.  Based on this idea the basic model has chemical A 
plotted on the X axis and chemical B plotted on the Y axis.  The EC50s of chemical A 
and chemical B are plotted on the graph and a strait line joining the EC50s is drawn.  The 
95% confidence intervals (C.I.) of each of the EC50s are then plotted and joined by 
dashed lines in a similar fashion.  The EC50s of mixtures of PAH + metals are then 
plotted on the graph as a series and the resulting effects are easily read off the graph.  If 
the data point is below the 95% C.I. of the additive line it is said to be synergistic in 
toxicity.  If the point is above the 95% C.I. of the additive line it is said to be antagonistic 
in toxicity. 
 
4.2 Results  
 The toxicity of metal/PAH mixtures under the different irradiation conditions 
were determined for Hyalella azteca.  The mixtures consisted of one of four 
concentrations of metals (1, 10, 100, 1000 nM) with varying concentrations of PAH.  The 
EC50s were determined using a logistic regression model as described in section 4.1.1 
and are summarized in Tables 4.1-4.9.  These results are displayed graphically in figures 
4.1-4.8. The Isobolic mixture toxicity models are presented in figures 4.9-4.32.  Most of 
the PAH/metal mixtures at low metal concentration (1 nM, 10 nM) showed EC50s that 
were very close to their PAH counterpart alone.  Some mixtures were found to be 
synergistic, some and some additive and a few were antagonistic.  The predicted values 
were then plotted and compared to those of the observed values, along with concentration 
response curves for the metal on its own and for the PAH on its own.  The concentration 
response curves are shown for ANT + metals in figures 4.33 - 4.56.  The concentration 
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Table 4.1: Predicted and observed mixture toxicity of ANT + Metals to Hyalella 
azteca under dark conditions. 
Treatment Dark Observed 
 (nM) ± SD 
Dark Predicted 
(nM) 
ANT 4902 ± 169 N/A 
ANT + 1 nM Cu 4302 ± 295 4902 
ANT + 10 nM Cu 4518 ± 278 4902 
ANT + 100 nM Cu 2056 ± 254 2890 
ANT + 1000 nM Cu 537 ± 35.9 673 
ANT + 1 nM Cd 3964 ± 692 4902 
ANT + 10 nM Cd 491 ± 71.1 4902 
ANT + 100 nM Cd 5.78 ± 1.19 AT 
ANT + 1000 nM Cd AT AT 
ANT + 1 nM Ni 4893 ± 407 4902 
ANT + 10 nM Ni 4389 ± 98.8 4902 
ANT + 100 nM Ni 3894 ± 187 3874 
ANT + 1000 nM  Ni 1259 ± 45.9 723 
ANT + 1 nM Zn 4579 ± 509 4902 
ANT + 10 nM Zn 4374 ± 308 4902 
ANT + 100 nM Zn 3925 ± 206 4139 
ANT + 1000 nM Zn 1432 ± 96.5 1557 
Each Experiment was repeated independently at least three times. 




Table 4.2: Predicted and observed mixture toxicity of ANT + Metals to Hyalella 
azteca under PAR conditions. 
Treatment PAR Observed 
 (nM) ± SD 
PAR Predicted 
(nM) 
ANT 108 ± 19.7 N/A 
ANT + 1 nM Cu 122 ± 25.8 108 
ANT + 10 nM Cu 103 ± 52.7 108 
ANT + 100 nM Cu 23.6 ± 12.4 77.9 
ANT + 1000 nM Cu 2.58 ± 0.56 8.68 
ANT + 1 nM Cd 142 ± 51.6 108 
ANT + 10 nM Cd 100 ± 41.6 108 
ANT + 100 nM Cd AT AT 
ANT + 1000 nM Cd AT AT 
ANT + 1 nM Ni 102 ± 67.4 108 
ANT + 10 nM Ni 84.2 ± 47.4 108 
ANT + 100 nM Ni 76.9 ± 30.2 94.7 
ANT + 1000 nM  Ni 48.4 ± 12.6 34.1 
ANT + 1 nM Zn 95.4 ± 34.7 108 
ANT + 10 nM Zn 98.3 ± 20.4 108 
ANT + 100 nM Zn 67.5 ± 18.8 102 
ANT + 1000 nM Zn 30.6 ± 12.4 89.5 
Each Experiment was repeated independently at least three times. 
*AT = Acutely toxic at all concentrations of anthracene under given lighting conditions. 
 
 93
Table 4.3: Predicted and observed mixture toxicity of ANT + Metals to Hyalella 
azteca under SSR conditions. 
Treatment SSR Observed 
 (nM) ± SD 
SSR Predicted 
(nM) 
ANT 4.87 ± 0.36 N/A 
ANT + 1 nM Cu 4.56 ± 0.71 4.87 
ANT + 10 nM Cu 0.89 ± 0.30 4.87 
ANT + 100 nM Cu AT AT 
ANT + 1000 nM Cu AT AT 
ANT + 1 nM Cd 2.21 ± 0.31 4.87 
ANT + 10 nM Cd AT 4.87 
ANT + 100 nM Cd AT AT 
ANT + 1000 nM Cd AT AT 
ANT + 1 nM Ni 5.12 ± 0.14 4.87 
ANT + 10 nM Ni 2.08 ± 0.32 4.87 
ANT + 100 nM Ni 1.64 ± 0.89 3.57 
ANT + 1000 nM  Ni AT AT 
ANT + 1 nM Zn 8.72 ± 0.23 4.87 
ANT + 10 nM Zn 4.37 ± 0.41 4.87 
ANT + 100 nM Zn 3.25 ± 0.21 4.56 
ANT + 1000 nM Zn 1.09 ± 0.53 4.37 
Each Experiment was repeated independently at least three times. 
*AT = Acutely toxic at all concentrations of anthracene under given lighting conditions. 
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Table 4.4: Predicted and observed mixture toxicity of ATQ + Metals to Hyalella 
azteca under dark conditions. 
Treatment Dark Observed 
 (nM) ± SD 
Dark Predicted 
(nM) 
ATQ  1624 ± 192 N/A 
ATQ + 1 ηM Cu 1284 ± 152 1624 
ATQ + 10ηM Cu 1251 ± 62.6 1624 
ATQ + 100 ηM Cu 203 ± 27.6 640 
ATQ + 1000 ηM Cu 37.7 ± 8.69 112 
ATQ + 1 ηM Cd 1671 ± 35.8 1624 
ATQ + 10 ηM Cd 577 ± 79.4 1624 
ATQ + 100 ηM Cd AT AT 
ATQ + 1000 ηM Cd AT AT 
ATQ + 1 ηM Ni 1428 ± 191 1624 
ATQ + 10 ηM Ni 1145 ± 215 1624 
ATQ + 100 ηM Ni 859 ± 61.7 1167 
ATQ + 1000 ηM  Ni 109 ± 16.8 434 
ATQ + 1 ηM Zn 1797 ± 429 1624 
ATQ + 10 ηM Zn 1587 ± 273 1624 
ATQ + 100 ηM Zn 1467 ± 230 1359 
ATQ + 1000 ηM Zn 899 ± 22.9 903 
Each Experiment was repeated independently at least three times. 
* AT = Acutely toxic at all concentrations of anthracene under given lighting conditions. 
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Table 4.5: Predicted and observed mixture toxicity of ATQ + Metals to Hyalella 
azteca under PAR conditions. 
Treatment PAR Observed 
 (nM) ± SD 
PAR Predicted 
(nM) 
ATQ  188 ± 48.4 N/A 
ATQ + 1 ηM Cu 179 ± 25.7 188 
ATQ + 10ηM Cu 181 ± 62.2 188 
ATQ + 100 ηM Cu 43.6 ± 81.9 129 
ATQ + 1000 ηM Cu AT AT 
ATQ + 1 ηM Cd 169 ± 77.8 188 
ATQ + 10 ηM Cd 82.8 ± 54.3 188 
ATQ + 100 ηM Cd AT AT 
ATQ + 1000 ηM Cd AT AT 
ATQ + 1 ηM Ni 154 ± 44.1 188 
ATQ + 10 ηM Ni 146 ± 63.7 188 
ATQ + 100 ηM Ni 62.7 ± 36.1 135 
ATQ + 1000 ηM  Ni 46.8 ± 8.92 89.4 
ATQ + 1 ηM Zn 176 ± 78.8 188 
ATQ + 10 ηM Zn 147 ± 62.8 188 
ATQ + 100 ηM Zn 146 ± 42.9 145 
ATQ + 1000 ηM Zn 30.7 ± 17.8 102 
Each Experiment was repeated independently at least three times. 
* AT = Acutely toxic at all concentrations of anthracene under given lighting conditions. 
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Table 4.6: Predicted and observed mixture toxicity of ATQ + Metals to Hyalella 
azteca under SSR conditions. 
Treatment SSR Observed 
 (nM) ± SD 
SSR Predicted 
(nM) 
ATQ  142 ± 38.9 N/A 
ATQ + 1 ηM Cu 164 ± 15.8 142 
ATQ + 10ηM Cu 13.7 ± 6.17 23.5 
ATQ + 100 ηM Cu 1.51 ± 0.71 AT 
ATQ + 1000 ηM Cu AT AT 
ATQ + 1 ηM Cd 89.8 ± 17.6 142 
ATQ + 10 ηM Cd 7.62 ± 1.39 142 
ATQ + 100 ηM Cd AT AT 
ATQ + 1000 ηM Cd AT AT 
ATQ + 1 ηM Ni 166 ± 45.6 142 
ATQ + 10 ηM Ni 27.7 ± 3.56 118 
ATQ + 100 ηM Ni 19.6 ± 2.63 34.5 
ATQ + 1000 ηM  Ni 4.81 ± 0.86 1.46 
ATQ + 1 ηM Zn 169 ± 18.2 142 
ATQ + 10 ηM Zn 146 ± 32.8 142 
ATQ + 100 ηM Zn 139 ± 45.0 125 
ATQ + 1000 ηM Zn 50.8 ± 12.5 59.2 
Each Experiment was repeated independently at least three times. 
* AT = Acutely toxic at all concentrations of anthracene under given lighting conditions. 
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Table 4.7: Predicted and observed mixture toxicity of 1-hATQ + Metals to Hyalella 
azteca under dark conditions. 
Treatment Dark Observed 
 (nM) ± SD 
Dark Predicted 
(nM) 
1-hATQ  NT N/A 
1-hATQ + 1 ηM Cu NT NT 
1-hATQ + 10ηM Cu 5473 ± 468 NT 
1-hATQ + 100 ηM Cu 4667 ± 385 NT 
1-hATQ + 1000 ηM Cu 1005 ± 98.2 2005  
1-hATQ + 1 ηM Cd 5933 ± 607 NT 
1-hATQ + 10 ηM Cd 1046 ± 47.8 NT 
1-hATQ + 100 ηM Cd AT AT 
1-hATQ + 1000 ηM Cd AT AT 
1-hATQ + 1 ηM Ni NT NT 
1-hATQ + 10 ηM Ni NT NT 
1-hATQ + 100 ηM Ni 3954 ± 254 NT 
1-hATQ + 1000 ηM  Ni 1142 ± 189 4105  
1-hATQ + 1 ηM Zn NT NT 
1-hATQ + 10 ηM Zn 5830 ± 257 NT 
1-hATQ + 100 ηM Zn 2854 ± 563 3982 
1-hATQ + 1000 ηM Zn 756 ± 54.5 1547  
Each Experiment was repeated independently at least three times. 
* NT = Non Toxic at levels below maximum solubility of 8000 ηM 




Table 4.8: Predicted and observed mixture toxicity of 1-hATQ + Metals to Hyalella 
azteca under PAR conditions. 
Treatment PAR Observed 
 (nM) ± SD 
PAR Predicted 
(nM) 
1-hATQ  332 ± 68.4 N/A 
1-hATQ + 1 ηM Cu 310 ± 26.2 332 
1-hATQ + 10ηM Cu 134 ± 31.4 332 
1-hATQ + 100 ηM Cu 31.5 ± 11.8 50.4 
1-hATQ + 1000 ηM Cu AT 3.78 
1-hATQ + 1 ηM Cd 348 ± 42.1 332 
1-hATQ + 10 ηM Cd 138 ± 13.2 332 
1-hATQ + 100 ηM Cd AT AT 
1-hATQ + 1000 ηM Cd AT AT 
1-hATQ + 1 ηM Ni 182  ± 35.6 332 
1-hATQ + 10 ηM Ni 167  ± 27.6 332 
1-hATQ + 100 ηM Ni 123  ± 16.9 150 
1-hATQ + 1000 ηM  Ni 67.2  ± 19.0 78.7 
1-hATQ + 1 ηM Zn 341 ± 36.2 332 
1-hATQ + 10 ηM Zn 289 ± 28.4 332 
1-hATQ + 100 ηM Zn 183  ± 41.2 289 
1-hATQ + 1000 ηM Zn 40.1  ± 12.7 189 
Each Experiment was repeated independently at least three times. 




Table 4.9: Predicted and observed mixture toxicity of 1-hATQ + Metals to Hyalella 
azteca under SSR conditions. 
Treatment SSR Observed 
 (nM) ± SD 
SSR Predicted 
(nM) 
1-hATQ  24.4 ± 1.43 N/A 
1-hATQ + 1 ηM Cu 38.5 ± 12.9 24.4 
1-hATQ + 10ηM Cu 15.3  ± 3.64 24.4 
1-hATQ + 100 ηM Cu AT 3.67 
1-hATQ + 1000 ηM Cu AT AT 
1-hATQ + 1 ηM Cd 36.6 ± 8.92 24.4 
1-hATQ + 10 ηM Cd 9.16 ± 2.62 24.4 
1-hATQ + 100 ηM Cd AT AT 
1-hATQ + 1000 ηM Cd AT AT 
1-hATQ + 1 ηM Ni 30.6  ± 10.4 24.4 
1-hATQ + 10 ηM Ni 27.1  ± 8.90 24.4 
1-hATQ + 100 ηM Ni 16.1 ± 4.87 15.7 
1-hATQ + 1000 ηM  Ni 9.13 ± 2.01 5.38 
1-hATQ + 1 ηM Zn 35.5 ± 3.29 24.4 
1-hATQ + 10 ηM Zn 32.4 ± 6.34 24.4 
1-hATQ + 100 ηM Zn 15.2 ± 2.73 23.8 
1-hATQ + 1000 ηM Zn 9.76 ± 15.6 6.76 
Each Experiment was repeated independently at least three times. 





Figure 4.1 ANT + Cu mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ANT with four concentrations of Cu. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.2 ANT + Cd mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ANT with four concentrations of Ni. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.3 ANT + Ni mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ANT with four concentrations of Ni. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.4 ANT + Zn mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ANT with four concentrations of Zn. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.5 ATQ + Cu mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ATQ with four concentrations of Cu. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.6 ATQ + Cd mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ATQ with four concentrations of Cd. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.7 ATQ + Ni mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ATQ with four concentrations of Ni. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.8 ATQ + Zn mixture toxicity using response addition: predicted vs. 
observed. The data are EC50s mixtures of ATQ with four concentrations of Zn. 
a
 
Statistically identical to predicted value indicating additive toxicity. 
b
 Statistically 
different from the predicted value, indicating synergistic toxicity. 
c
 Statistically different 




Figure 4.9 Isobologram for EC50s of binary mixtures of ANT + Cu under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.10 Isobologram for EC50s of binary mixtures of ANT + Cu under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.11 Isobologram for EC50s of binary mixtures of ANT + Cu under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.12 Isobologram for EC50s of binary mixtures of ANT + Cd under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.13 Isobologram for EC50s of binary mixtures of ANT + Cd under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.14 Isobologram for EC50s of binary mixtures of ANT + Cd under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.15 Isobologram for EC50s of binary mixtures of ANT + Ni under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.16 Isobologram for EC50s of binary mixtures of ANT + Ni under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.17 Isobologram for EC50s of binary mixtures of ANT + Ni under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.18 Isobologram for EC50s of binary mixtures of ANT + Zn under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.19 Isobologram for EC50s of binary mixtures of ANT + Zn under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.20 Isobologram for EC50s of binary mixtures of ANT + Zn under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ANT 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.21 Isobologram for EC50s of binary mixtures of ATQ + Cu under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.22 Isobologram for EC50s of binary mixtures of ATQ + Cu under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.23 Isobologram for EC50s of binary mixtures of ATQ + Cu under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cu were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.24 Isobologram for EC50s of binary mixtures of ATQ + Cd under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.25 Isobologram for EC50s of binary mixtures of ATQ + Cd under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.26 Isobologram for EC50s of binary mixtures of ATQ + Cd under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Cd were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.27 Isobologram for EC50s of binary mixtures of ATQ + Ni under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.28 Isobologram for EC50s of binary mixtures of ATQ + Ni under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.29 Isobologram for EC50s of binary mixtures of ATQ + Ni under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Ni were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.30 Isobologram for EC50s of binary mixtures of ATQ + Zn under dark.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.31 Isobologram for EC50s of binary mixtures of ATQ + Zn under PAR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




Figure 4.32 Isobologram for EC50s of binary mixtures of ATQ + Zn under SSR.  
Dotted lines represent 95% confidence intervals.  EC50s of the varying mixtures of ATQ 
+ Zn were plotted on the isobologram with their 95% confidence limits.  Within the 95% 
confidence intervals simple additive toxicity is observed.  Points residing above, on, and 




response curves for ATQ + metals are shown in figures 4.57 - 4.80.  The 1-hATQ 
concentration response curves were determined to be very similar to those of ATQ and 
were not analyzed in this thesis. These curves appear in appendix A figures 6.1 - 6.24. 
 
4.2.1 ANT + Metals 
 The PAH + metal mixtures generally showed a drastic increase in toxicity across 
all three lighting regimes.  Generally the dark PAH + metal EC50s were not statistically 
different from the predicted values for the mixtures, indicating additive toxicity.  In all of 
the mixtures the highest concentration of metal present was always the most toxic for a 
given PAH + metal mixture.   For the ANT + metal dark treatments it was found that the 
most toxic mixture was ANT + 1000 nM Cd, which was found to be acutely toxic at all 
concentrations of ANT.  Mixtures of ANT + 1000 nM Cu were also found to be 
exceedingly toxic with an EC50 of 537 nM ANT in the dark (Figure 4.1).  Mixtures of 
ANT with Ni and Zn showed that both were only minimally toxic in the Dark 1000 nM 
treatments, with ANT EC50s of 1259 nM (Ni) (Figure 4.3) and 1433 nM (Zn) (Figure 
4.4).  The ANT + Ni and ANT+ Zn treatments in the dark were not found to be 
statistically different.  For Cu, Ni, and Zn, the 1 and 10 nM concentrations did not appear 
to have any affect on the toxicity of ANT.  Cd appeared to have a small affect the toxicity 
of ANT at 1 nM and at 10 nM had a large effect on ANT with EC50s of 3904 nM and 
491 nM respectively.  The results of the dark treatments all matched the predicted values 
for each of the mixtures, with the exception of ANT + 100 nM Cd which was slightly less 
toxic than predicted (Figure 4.2).  
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 The results of the ANT + metal PAR treatments showed varying degrees of 
toxicity (Table 4.2).  The PAR treatments were 4 fold more toxic than the dark treatments 
for each of the mixtures.  The most toxic ANT mixture was ANT + 100 nM Cd, which 
was found to be acutely toxic.  ANT + 1000 nM Cu was found less toxic in the dark, with 
an EC50 of 2.58 nM (Figure 4.1).  The least toxic mixture at 1000 nM was found to be 
ANT + 1000 nM Ni which had an EC50 of 102.2 nM.  ANT + Zn mixtures were found to 
be slightly more toxic than ANT + Ni mixtures with an EC50 of 30.6 nM.  In the PAR 
treatments concentrations of 1 nM and 10 nM of any of the four metals did not seem to 
have any affect on the toxicity of ANT (Table 4.2). 
 The ANT + metal mixtures under SSR showed a marked increase in toxicity over 
that of the PAR treatments by 2-6 fold.  The ANT + metal mixture that was the most 
toxic was ANT + 10 nM Cd which was acutely toxic under SSR (Figure 4.2).  The least 
toxic of the 1000 nM mixtures was ANT + Zn, with an EC50, at 1.09 nM.  Interestingly 
ANT + 1 nM Zn seemed to become less toxic than ANT on its own with an EC50 of 8.72 
nM compared to that of ANT on its own at 4.87 nM under SSR (Table 2.2, Chapter 2). 
For the SSR treatments the 1 nM metal mixtures with ANT seemed to have no effect on 
the toxicity of ANT. However at 10 nM or greater concentrations the metals showed a 
synergistic effect on the toxicity of ANT. 
 The concentration response curves for ANT + Cu across all three lighting regimes 
ranged over three orders of magnitude.  The EC50s for ANT varied according to the 
concentration of Cu.  In the dark, it was found that 1 nM and 10 nM concentrations of Cu 
had no impact on the EC50 of ANT.  However, the ANT + 100 nM Cu mixture showed a 
60% increase in the EC50 of ANT (2056 nM) compared to ANT (4902 nM) on its own.  
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The ANT + 1000 nM Cu (537 nM) mixture showed a 10 fold increase in EC50 over that 
of the ANT (4902 nM) alone.   The slopes of the ANT + Cu concentration response 
curves under the dark treatment show varying slopes.  The dark ANT + 1 nM Cu, ANT + 
10 nM Cu, and ANT + 100 nM Cu show similar slopes (Figure 4.33-4.34), that are very 
similar to that of ANT on its own (Figure 2.1, Chapter 2).  However the slope of the ANT 
+ 1000 nM Cu treatment was shallower than that of the other three.  This shallower slope 
was very similar to that of the predicted slope for ANT + 1000 nM Cu (Figure 4.33). 
 The ANT + Cu treatments under PAR lighting showed a 10 fold increase in 
toxicity over those in the Dark treatment.  The ANT + 1 nM Cu and ANT + 10 nM Cu 
mixtures showed no affect on the toxicity of ANT and were not statistically different 
from the single toxicant data for ANT.   The 100 nM Cu mixture showed a 5 fold 
increase in toxicity over that of ANT alone, at 23.6 nM and 108 nM respectively.   The 
1000 nM ANT + Cu mixture showed a 50 fold increase in EC50 (2.58 nM) compared to 
ANT (108 nM) alone.  The slopes of the concentration response curves for ANT + 1 nM, 
and ANT + 10 nM Cu under PAR lighting were both very similar to each other and were 
almost identical to the slope of ANT on its own.  The 100 nM and 1000 nM ANT + Cu 
mixtures had very similar slopes to each other, and were unlike the predicted slopes.  
Also these slopes did not match the ANT slope or Cu slope (Figures 4.35- 4.36). 
 The ANT + Cu treatment under SSR lighting showed an increase in toxicity of 
25-100 fold over that of the PAR assay.  Under SSR Cu concentrations of 10 nM and 
greater were found to have an affect on the EC50 of ANT.  1 nM Concentrations of Cu 
did not show any statistically significant effect on the EC50 of ANT.  Higher 
concentrations of Cu were acutely lethal under SSR conditions at all concentrations of 
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ANT.  The slopes of the concentration response curve for ANT + 10 nM Cu under SSR 
(Figure 4.35) was very steep and was much steeper than that of either ANT (Figure 2.2, 
Chapter 2) or Cu (Figure 3.1, Chapter 3) alone. 
  The EC50s of ANT + Cd mixtures ranged over two orders of magnitude.  The Cd 
mixtures were usually very toxic at low concentrations of Cd.   The ANT + Cd mixtures 
in the dark were found to be extremely toxic at 100 nM concentration of Cd, with an 
EC50 of 5.78 nM (Figure 4.2).  Cd was the only metal that showed a large affect on ANT 
concentration at 1 nM and 10 nM concentrations, with an increase of 25% and 1000% in 
EC50 respectively.  Concentration response curves for ANT + Cd in the dark showed 
similar slopes across all of the concentrations (Figures 4.39- 4.40). 
 Under PAR lighting mixtures of ANT + Cd showed a slight increase in toxicity 
over that of the dark treatment (Figure 4.2).  At 100 nM Cd, ANT became acutely toxic to 
Hyalella azteca.  At 1 nM and 10 nM concentrations Cd under PAR lighting did not seem 
to have an affect on ANT toxicity, with the EC50s for both treatments showing no 
statistical difference from that of ANT on its own.  The slopes of the ANT + Cd 
concentration response curves were almost identical to those found in the dark treatments 
(Figures 4.9).  Treatment of ANT + Cd mixtures with SSR showed an increase in toxicity 
over that of the PAR treatment (Figure 4.2).  The toxicity of the 1 nM ANT + Cd 
increased 50 fold from 142 nM to 2.21 nM (Table 4.2).  At concentrations of 10 nM Cd 
and above ANT became acutely toxic.  The slope of the concentration response curve for 
the 1 nM ANT + Cd was identical to that of ANT on its own (Figure 4.43). 
 The concentration response curves for mixtures of ANT + Ni under the Dark 
treatment, showed a four fold increase in toxicity as the concentration of Ni increased 
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from 1 nM to 1000 nM.  The 1 nM and 10 nM Ni + ANT mixtures were not found to be 
statistically different from those of ANT on its own.  The 100 nM ANT + Ni (3894 nM) 
showed a 20% increase in toxicity over that of ANT alone (4902 nM) (Figure 4.3).   The 
1000 nM ANT + Ni treatment in the dark (1259 nM) showed a 75% increase in toxicity 
over that of ANT alone (4902 nM).  The concentration response curves for ANT + Ni in 
the dark showed a similar slope for all concentrations of Ni, which was very similar to 
that of ANT alone (Figures 4.44 - 4.45). 
 Mixtures of ANT + Ni under PAR treatment (Table 4.2) showed a 10-20 fold 
increase in toxicity compared to that of the dark treatment (Table 4.1).  The 1 nM ANT + 
Ni treatment was not found to be statistically different from that of ANT alone.  The 10 
nM ANT + Ni mixture was found to be 15 % more toxic than that of ANT alone, with 
EC50s of 84.2 nM and 108 nM respectively.  The 1000 nM ANT + Ni treatment under 
PAR showed a 50% increase in toxicity over that of ANT alone.  The slopes of the 
concentration response curves for ANT + Ni were almost identical across all of the 
concentrations of Ni (Figures 4.46-4.47). 
 The EC50s for mixtures of ANT + Ni under SSR were found to be 10-20 fold 
more toxic than those of the PAR ANT + Ni treatments.   Mixtures of ANT and 1000 nM 
Ni were found to be acutely toxic under SSR.  The toxicity of the ANT + 1 nM Ni 
mixture was found to be statistically the same as ANT alone, with EC50 values of 5.12 
nM and 4.87 nM, respectively.  The concentration response curves for ANT + Ni showed 
two distinct slopes (Figure 4.49 – 4.50).  The first slope was found in the ANT + 1 nM Ni 
and ANT + 10 nM Ni concentration response curves (Figure 4.49), and were found to be 
similar to that of ANT alone (Figure 2.1, Chapter 2). The second slope shared by ANT + 
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100 nM Ni and ANT + 1000 nM Ni was found to be steeper than that of the ANT + 1 nM 
Ni and ANT + 10 nM Ni concentration response curves (Figure 4.50). 
 The concentration response curves for ANT + Zn in the dark treatment showed an 
increase in toxicity as the concentration of Zn increased.  The slopes for all four 
concentrations of ANT + Zn in the dark were identical to each other (Figure 4.51 – 4.52).  
These slopes were slightly steeper than the slope of ANT alone and shallower than that of 
Zn alone.  The 1 nM and 10 nM concentrations of Zn were not found to have any affect 
on the toxicity of ANT.  The 100 nM ANT + Zn mixture was found to be 8% more toxic 
than that of ANT on its own. 
 When exposed to PAR, mixtures of ANT + Zn increased in toxicity 10 fold 
compared to that of the dark treatment.  The 1 nM and 10 nM Zn treatments showed no 
effect on the toxicity of ANT.  The EC50 of the ANT + 100 nM Zn (67.5 nM) treatment 
showed an increase of 40% over that of ANT alone (108 nM).  The EC50 of the ANT + 
1000 nM Zn (30.6 nM) treatment showed a 70% increase in toxicity over that of ANT 
alone (108 nM).  The concentration response curves for ANT + Zn under PAR showed 
similar slopes for all four of the Zn concentrations (Figure 4.53- 4.54). 
 The toxicity of ANT + Zn mixtures under SSR increased in toxicity over that of 
the PAR treatment by 10-15 fold.  The ANT + 1 nM Zn treatment showed a slight 
increase in toxicity over that of ANT alone.  The 10, 100, and 1000 nM treatments all 
showed an increase in toxicity over that of ANT alone ranging from an 11 % increase to 
and 80% increase.  The slopes of the four ANT + Zn concentration response curves had 
nearly identical slope across the four different metal concentrations (Figure 4.55 – 4.56). 
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4.2.2 ATQ + Metals 
Mixtures of ATQ + metals generally showed an increase in toxicity as the lighting 
sources were changed, from dark to SSR (290-700 nm).  The mixtures of ATQ + 1 nM 
Cu (1284 nM) and ATQ + 10 nM Cu (1251 nM) in the dark treatment increased the 
toxicity of ATQ by 40% over that of the ATQ (1624 nM) mixture alone.  Mixtures of 
ATQ + 100 nM Cu showed 8 fold increase in toxicity compared to ATQ alone, with 
EC50s of 203 nM and 1624 nM respectively.  The ATQ + 1000 nM Cu treatment under 
dark was 50 fold more toxic than ATQ alone, with an EC50 of 37.7 nM.  The slopes of 
the concentration response curves for ATQ + Cu showed a characteristic slope across all 
of the different concentration of Cu (Figure 4.57-4.58).  This slope was slightly steeper 
that that of ATQ. 
Under PAR, ATQ + 1000 nM Cu was found to be toxic at all concentrations of 
ATQ.   The toxicity of ATQ + 1 nM Cu (179 nM) and ATQ + 10 nM Cu (181 nM) were 
found not to be statistically different from the EC50 of ATQ alone (188 nM). The EC50 
for mixtures of ATQ + 100 nM Cu was found to be 10 fold more toxic than that of ATQ 
alone under PAR lighting.  The slopes of the concentration response curves for ATQ + 1 
nM Cu and ATQ + 10 nM Cu were very similar to those of ATQ on its own (Figure 
4.59).  The slopes of the concentration response curves for ATQ + 100 Cu and ATQ + 
1000 nM Cu were almost identical to each other but were steeper than those of ATQ or 
Cu alone (Figure 4.60). 
Mixtures of ATQ + 1000 nM Cu under SSR were found to be toxic at all 
concentrations of ATQ.  Mixtures of ATQ + 1 nM Cu (1284 nM) were found to be 
statistically the same as ATQ (1624 nM) alone under SSR.  Mixtures of ATQ + 10 nM 
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Cu (13.7 nM) showed a 10 fold increase in toxicity under SSR compared to that of the 
PAR treatment (181 nM). Under SSR lighting mixtures of ATQ + 100 nM Cu increased 
25 fold over that of the PAR treatment.  The concentration response curves for ATQ + 1 
nM Cu was very similar to that of ATQ alone under SSR.  The concentration response 
curve for ATQ + 10 nM Cu and ATQ+ 100 nM Cu were both very similar and were 
steeper than that of ATQ alone (Figure 4.61 - 4.62). 
ATQ + 100 nM Cd mixtures were found to be acutely toxic at all concentrations 
of ATQ under dark conditions.  Mixtures of ATQ + 1 nM Cd (1671 nM) were found not 
to be statistically different from ATQ on its own (1624 nM).  The toxicity of ATQ + 10 
nM Cd in the dark treatment (577 nM) was found to be 3 times more toxic than ATQ 
alone (1625 nM).  The slopes of the concentration response curves for ATQ + Cd were 
all found to be identical (Figure 4.63). 
When exposed to PAR light mixtures of ATQ + 100 Cd was found to be acutely 
toxic at all concentrations of ATQ.  ATQ + 1 nM Cd was found not to have an effect on 
the toxicity of ATQ, with EC50s of 169.7 and 188 nM, respectively.  Mixtures of ATQ + 
10 nM Cd were found to be 2 fold more toxic than that of ATQ on its own and 10 fold 
more toxic than ATQ + 10 nM Cd in the Dark treatment.  The slopes of the 
concentration-response-curves for ATQ + 1 nM Cd and ATQ + 10 nM Cd showed a very 
similar slope to each other (Figure 4.65). 
Mixtures of ATQ + 100 nM Cd were found to be acutely toxic when exposed to 
SSR at all concentrations of ATQ.  ATQ + 10 nM Cd (7.62 nM) mixtures were found to 
be 10 fold more toxic under SSR than under PAR (82.8 nM).  Mixtures of ATQ + 1 nM 
Cd (89.8 nM) were found to be 2 fold more toxic than that of the ATQ alone.   The 
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concentration response curves for ATQ + 1 nM Cd was found to be very similar to that of 
ATQ alone under SSR (Figure 4.67).  The slope of ATQ + 10 nM Cd was found to be 
different from that of the ATQ + 1 nM Cd slope being slightly steeper. 
The EC50 of ATQ + 1 nM Ni (1428 nM) was not found to be statistically 
different from that of ATQ alone (1625 nM).  Mixtures of ATQ + 100 nM Ni (859 nM) 
were found to be 2 fold more toxic than that of ATQ (1625 nM).  Mixtures of ATQ + 
1000 nM Ni were found to be 10 fold more toxic than ATQ, with an EC50 of 109 nM.  
The concentration response curves for ATQ + 1 nM Ni and ATQ + 10 nM Ni were found 
to be very similar to that of ATQ alone (Figure 4.69).  The concentration response curves 
for ATQ + 100 nM Ni and ATQ + 1000nM Ni were found to be very similar to each 
other (Figure 4.70). 
The slopes of the PAR concentration response curves for ATQ + 1 nM Ni and 
ATQ + 10 nM Ni were found to be very similar to that of ATQ (Figure 4.71).  The slopes 
of ATQ + 100 nM Ni and ATQ + 1000 nM Ni were both very similar but were much 
steeper than those of ATQ alone (figure 4.72).  Mixtures of ATQ + 1 nM Ni (154 nM) 
and ATQ + 10 nM Ni (146 nM) were both found to have no impact on the toxicity of 
ATQ (188 nM), with EC50s that were not statistically different from that of ATQ.  The 
toxicity of ATQ + 100 nM Ni was found to be 2 times greater than that of ATQ on its 
own under PAR.  This was also found to be 10 times greater than that of ATQ + 100 nM 
Ni in the dark treatment.   
Under the SSR treatment the EC50 for ATQ + 1 nM Ni (166) was not found to be 
statistically different from that of ATQ (142 nM).  The mixture of ATQ + 10 nM Ni (27.7 
nM) and ATQ + 100 nM Ni (19.6 nM) was found to be 10 fold more toxic than ATQ.  
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The greatest effect under SSR was observed with the ATQ + 1000 nM Ni, which 
increased the toxicity of ATQ by 70 fold, with EC50s of 4.81 nM and 142 nM 
respectively.   The slopes of the concentration response curves for ATQ + Ni under SSR 
were all found to be very similar (Figure 4.73 – 4.74).  The slopes of these concentration 
response curves were steeper than that of ATQ or Ni alone.  
Mixtures of ATQ + Zn were found to have very little effect on ATQ toxicity in 
the dark.  The EC50s of ATQ + 1 nM Zn (1798 nM), ATQ + 10 nM Zn (1588 nM) and 
ATQ + 100 nM Zn (1467 nM) mixtures were all found to be statistically the same as 
ATQ (1625 nM).  The toxicity of ATQ + 1000 nM Zn (899 nM) was found to be 2 fold 
more toxic than ATQ (1625 nM).  The slopes of the concentration response curves for 
ATQ + 1 nM Zn, ATQ + 10 nM Zn, and ATQ + 1000 nM Zn, were all found to be very 
similar in shape to ATQ (Figure 4.43 – 4.44).  The slope of the concentration response 
curve for ATQ + 1000 nM Zn was found to be unique among the dark treatments, being 
steeper than the other curves (Figure 4.76). 
Treatments of ATQ with concentrations of 1, 10, and 100 nM Zn under PAR 
resulted in EC50s that were not statistically different from those of ATQ (188 nM).  
Treatments of ATQ with 1000 nM Zn resulted in an increase in EC50 of 5 fold from 188 
nM (ATQ) to 30.7 nM (ATQ + 1000 nM Zn).  The slopes of the concentration response 
curves for ATQ + 1 nM Zn, ATQ + 10 nM Zn, and ATQ + 100 nM Zn were all very 
similar, and resembled that of ATQ (Figure 4.77 – 4.78).  The slope of the ATQ + 1000 
nM Zn concentration response curve under PAR was similar to that of the ATQ + 1000 
nM curve under dark conditions (Figure 4.78). 
 142
When exposed to SSR light, ATQ with concentrations of 1, 10 and 100 nM Zn, 
produced EC50s that were not statistically different form that of ATQ.  Mixtures of ATQ 
+ 1000 nM Zn (26.8 nM) were found to be 6 fold more toxic under SSR than ATQ on its 
own (142).  The slope of the concentration response curves for ATQ + 1000 nM Zn was 
unique among the SSR ATQ + Zn treatments (Figure 4.79); but was similar to that of the 
ATQ + 1000 nM Zn treatments under PAR (Figure 4.78).  The slopes of the 
concentration response curves for ATQ + 1 nM Zn, ATQ + 10 nM Zn, and ATQ + 100 
nM Zn were all found to be similar to ATQ (Figure 4.79 – 4.80). 










Figure 4.33 Concentration response curves for ANT + 1 nM Cu and ANT + 10 nM 
Cu to Hyalella azteca under dark conditions. ANT concentrations were varied while 





Figure 4.34 Concentration response curves for ANT + 100 nM Cu and ANT + 1000 
nM Cu to Hyalella azteca under dark conditions.  ANT concentrations were varied 
while Cu was kept at a constant concentration.  A. ANT + 100 nM Cu B. ANT + 





Figure 4.35 Concentration response curves for ANT + 1 nM Cu and ANT + 10 nM 
Cu to Hyalella azteca under PAR conditions.  ANT concentrations were varied while 





Figure 4.36 Concentration response curves for ANT + 100 nM Cu and ANT + 1000 
nM Cu to Hyalella azteca under PAR conditions.  ANT concentrations were varied 
while Cu was kept at a constant concentration.  A. ANT + 100 nM Cu B. ANT + 





Figure 4.37 Concentration response curves for ANT + 1 nM Cu and ANT + 10 nM 
Cu to Hyalella azteca under SSR conditions.  ANT concentrations were varied while 





Figure 4.38 Concentration response curves for ANT + 100 nM Cu and ANT + 1000 
nM Cu to Hyalella azteca under SSR conditions.  ANT concentrations were varied 
while Cu was kept at a constant concentration.  A. ANT + 100 nM Cu B. ANT + 



















Figure 4.39 Concentration response curves for ANT + 1 nM Cd and ANT + 10 nM 
Cd to Hyalella azteca under dark conditions.  ANT concentrations were varied while 





Figure 4.40 Concentration response curves for ANT + 100 nM Cd and ANT + 1000 
nM Cd to Hyalella azteca under dark conditions.  ANT concentrations were varied 
while Cd was kept at a constant concentration.  A. ANT + 100 nM Cd B. ANT + 





Figure 4.41 Concentration response curves for ANT + 1 nM Cd and ANT + 10 nM 
Cd to Hyalella azteca under PAR conditions.  ANT concentrations were varied while 





Figure 4.42 Concentration response curves for ANT + 100 nM Cd and ANT + 1000 
nM Cd to Hyalella azteca under PAR conditions.  ANT concentrations were varied 
while Cd was kept at a constant concentration.  A. ANT+ 100 nM Cd B. ANT+ 1000 





Figure 4.43 Concentration response curves for ANT + 1 nM Cd and ANT + 10 nM 
Cd to Hyalella azteca under SSR conditions.  ANT concentrations were varied while 





Figure 4.44 Concentration response curves for ANT + 100 nM Cd and ANT + 1000 
nM Cd to Hyalella azteca under SSR conditions.  ANT concentrations were varied 
while Cd was kept at a constant concentration.  A. ANT + 100 nM Cd B. ANT + 






Figure 4.45 Concentration response curves for ANT + 1 nM Ni and ANT + 10 nM Ni 
to Hyalella azteca under dark conditions.  ANT concentrations were varied while Ni 





Figure 4.46 Concentration response curves for ANT + 100 nM Ni and ANT + 1000 
nM Ni to Hyalella azteca under dark conditions.  ANT concentrations were varied 
while Ni was kept at a constant concentration.  A. ANT + 100 nM Ni B. ANT + 1000 





Figure 4.47 Concentration response curves for ANT + 1 nM Ni and ANT + 10 nM Ni 
to Hyalella azteca under PAR conditions.  ANT concentrations were varied while Ni 





Figure 4.48 Concentration response curves for ANT + 100 nM Ni and ANT + 1000 
nM Ni to Hyalella azteca under PAR conditions.  ANT concentrations were varied 
while Ni was kept at a constant concentration.  A. ANT+ 100 nM Ni B. ANT+ 1000 





Figure 4.49 Concentration response curves for ANT + 1 nM Ni and ANT + 10 nM Ni 
to Hyalella azteca under SSR conditions.  ANT concentrations were varied while Ni 





Figure 4.50 Concentration response curves for ANT + 100 nM Ni and ANT + 1000 
nM Ni to Hyalella azteca under SSR conditions.  ANT concentrations were varied 
while Ni was kept at a constant concentration.  A. ANT + 100 nM Ni B. ANT + 1000 






Figure 4.51 Concentration response curves for ANT + 1 nM Zn and ANT + 10 nM 
Zn to Hyalella azteca under dark conditions.  ANT concentrations were varied while 





Figure 4.52 Concentration response curves for ANT + 100 nM Zn and ANT + 1000 
nM Zn to Hyalella azteca under dark conditions.  ANT concentrations were varied 
while Zn was kept at a constant concentration.  A. ANT + 100 nM Zn B. ANT + 





Figure 4.53 Concentration response curves for ANT + 1 nM Zn and ANT + 10 nM 
Zn to Hyalella azteca under PAR conditions.  ANT concentrations were varied while 





Figure 4.54 Concentration response curves for ANT + 100 nM Zn and ANT + 1000 
nM Zn to Hyalella azteca under PAR conditions.  ANT concentrations were varied 
while Zn was kept at a constant concentration.  A. ANT+ 100 nM Zn B. ANT+ 1000 





Figure 4.55 Concentration response curves for ANT + 1 nM Zn and ANT + 10 nM 
Zn to Hyalella azteca under SSR conditions.  ANT concentrations were varied while 





Figure 4.56 Concentration response curves for ANT + 100 nM Zn and ANT + 1000 
nM Zn to Hyalella azteca under SSR conditions.  ANT concentrations were varied 
while Zn was kept at a constant concentration.  A. ANT + 100 nM Zn B. ANT + 










Figure 4.57 Concentration response curves for ATQ + 1 nM Cu and ATQ + 10 nM 
Cu to Hyalella azteca under dark conditions.  ATQ concentrations were varied while 




Figure 4.58 Concentration response curves for ATQ + 100 nM Cu and ATQ + 1000 
nM Cu to Hyalella azteca under dark conditions.  ATQ concentrations were varied 
while Cu was kept at a constant concentration.  A. ATQ + 100 nM Cu B. ATQ + 




Figure 4.59 Concentration response curves for ATQ + 1 nM Cu and ATQ + 10 nM 
Cu to Hyalella azteca under PAR conditions.  ATQ concentrations were varied while 





Figure 4.60 Concentration response curves for ATQ + 100 nM Cu and ATQ + 1000 
nM Cu to Hyalella azteca under PAR conditions.  ATQ concentrations were varied 
while Cu was kept at a constant concentration.  A. ATQ + 100 nM Cu B. ATQ + 




Figure 4.61 Concentration response curves for ATQ + 1 nM Cu and ATQ + 10 nM 
Cu to Hyalella azteca under SSR conditions.  ATQ concentrations were varied while 




Figure 4.62 Concentration response curves for ATQ + 100 nM Cu and ATQ + 1000 
nM Cu to Hyalella azteca under SSR conditions.  ATQ concentrations were varied 
while Cu was kept at a constant concentration.  A. ATQ + 100 nM Cu B. ATQ + 





Figure 4.63 Concentration response curves for ATQ + 1 nM Cd and ATQ + 10 nM 
Cd to Hyalella azteca under dark conditions.  ATQ concentrations were varied while 




Figure 4.64 Concentration response curves for ATQ + 100 nM Cd and ATQ + 1000 
nM Cd to Hyalella azteca under dark conditions.  ATQ concentrations were varied 
while Cd was kept at a constant concentration.  A. ATQ + 100 nM Cd B. ATQ + 




Figure 4.65 Concentration response curves for ATQ + 1 nM Cd and ATQ + 10 nM 
Cd to Hyalella azteca under PAR conditions.  ATQ concentrations were varied while 





Figure 4.66 Concentration response curves for ATQ + 100 nM Cd and ATQ + 1000 
nM Cd to Hyalella azteca under PAR conditions.  ATQ concentrations were varied 
while Cd was kept at a constant concentration.  A. ATQ + 100 nM Cd B. ATQ + 




Figure 4.67 Concentration response curves for ATQ + 1 nM Cd and ATQ + 10 nM 
Cd to Hyalella azteca under SSR conditions.  ATQ concentrations were varied while 




Figure 4.68 Concentration response curves for ATQ + 100 nM Cd and ATQ + 1000 
nM Cd to Hyalella azteca under SSR conditions.  ATQ concentrations were varied 
while Cd was kept at a constant concentration.  A. ATQ + 100 nM Cd B. ATQ + 





Figure 4.69 Concentration response curves for ATQ + 1 nM Ni and ATQ + 10 nM 
Ni to Hyalella azteca under dark conditions.  ATQ concentrations were varied while 




Figure 4.70 Concentration response curves for ATQ + 100 nM Ni and ATQ + 1000 
nM Ni to Hyalella azteca under dark conditions.  ATQ concentrations were varied 
while Ni was kept at a constant concentration.  A. ATQ + 100 nM Ni B. ATQ + 1000 




Figure 4.71 Concentration response curves for ATQ + 1 nM Ni and ATQ + 10 nM 
Ni to Hyalella azteca under PAR conditions.  ATQ concentrations were varied while 




Figure 4.72 Concentration response curves for ATQ + 100 nM Ni and ATQ + 1000 
nM Ni to Hyalella azteca under PAR conditions.  ATQ concentrations were varied 
while Ni was kept at a constant concentration.  A. ATQ + 100 nM Ni B. ATQ + 1000 




Figure 4.73 Concentration response curves for ATQ + 1 nM Ni and ATQ + 10 nM 
Ni to Hyalella azteca under SSR conditions.  ATQ concentrations were varied while 




Figure 4.74 Concentration response curves for ATQ + 100 nM Ni and ATQ + 1000 
nM Ni to Hyalella azteca under SSR conditions.  ATQ concentrations were varied 
while Ni was kept at a constant concentration.  A. ATQ + 100 nM Ni B. ATQ + 1000 




Figure 4.75 Concentration response curves for ATQ + 1 nM Zn and ATQ + 10 nM 
Zn to Hyalella azteca under dark conditions.  ATQ concentrations were varied while 




Figure 4.76 Concentration response curves for ATQ + 100 nM Zn and ATQ + 1000 
nM Zn to Hyalella azteca under dark conditions.  ATQ concentrations were varied 
while Zn was kept at a constant concentration.  A. ATQ + 100 nM Zn B. ATQ + 




Figure 4.77 Concentration response curves for ATQ + 1 nM Zn and ATQ + 10 nM 
Zn to Hyalella azteca under PAR conditions.  ATQ concentrations were varied while 





Figure 4.78 Concentration response curves for ATQ + 100 nM Zn and ATQ + 1000 
nM Zn to Hyalella azteca under PAR conditions.  ATQ concentrations were varied 
while Zn was kept at a constant concentration.  A. ATQ + 100 nM Zn B. ATQ + 




Figure 4.79 Concentration response curves for ATQ + 1 nM Zn and ATQ + 10 nM 
Zn to Hyalella azteca under SSR conditions.  ATQ concentrations were varied while 




Figure 4.80 Concentration response curves for ATQ + 1 nM Zn and ATQ + 10 nM 
Zn to Hyalella azteca under SSR conditions.  ATQ concentrations were varied while 




4.3 Discussion  
 
  PAHs and metals are persistent environmental co-contaminants. Their interactions 
when present as co-contaminants often cause unexpected interactions and as a result the 
toxicities of these mixtures are often underestimated.  Previous studies have demonstrated 
how metals and PAHs can become toxic in the presence of actinic radiation.  The results 
of this study will help to address the issue of metal and PAH mixture toxicity under 
varying lighting conditions. 
 The toxicity of different mixtures of 3 PAHs (ANT, ATQ, 1-hATQ) and one of 
four metals (Cu, Cd, Ni, Zn) was assessed under three lighting regimes: dark, PAR, and 
SSR.  The resulting data was then plotted to produce concentration response curves.  
From these concentration response curves, EC50s for the mixtures were determined 
(Table 4.1- 4.9).  The data was analyzed using two models, the first being a concentration 
response model based on response addition, and the second being a concentration 
addition model based on isobolic concentration addition.  In the first model predicted 
concentration response curves for ANT + metals, ATQ + metals, and 1-hATQ + metals 
were also made to determine how predictable PAH + metal mixture toxicity can be based 
on work done by Norwood et al. (2003) (Figure 4.33- 4.80).  From these predicted 
curves, predicted EC50s were obtained for comparison (Tables 4.4-4.65).  The 
concentration response curves for 1-hATQ + metals can be found in appendix A (Figures 
6.1 - 6.24), as most of the 1-hATQ results mirrored those of ATQ + metal results.  The 
isobolic concentration addition model was then compared to the concentration response 
model. 
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 The results of the dark trials generally followed the predicted values for mixture 
toxicity and were thus generally concluded to be additive in nature.  In the PAR 
treatments the observed values seemed to deviate from those of the predicted values often 
showing a synergistic toxic effect.  In the SSR trials the results were almost always 
synergistic compared to the predicted values.   
  
4.3.1  ANT + Cu  
.    In this experiment mixtures of ANT + Cu were tested under 3 lighting conditions.  
Mixtures of ANT + Cu were found to be toxic under all three lighting conditions.  As the 
wavelengths of light increased (dark to SSR), the toxicity of the ANT + Cu mixture 
increased.  Interestingly, the ANT + Cu mixtures under PAR and SSR lighting almost 
always interacted in a synergistic way, the results of which are displayed in Figures 4.3-
4.6.    
 Dark treatments of ANT + Cu followed the predicted values and were additive in 
toxicity.  The ANT + 1 nM Cu and ANT + 10 nM Cu matched the predicted values well; 
with the predicted toxicity for both of these mixtures being no change in toxicity 
compared to ANT.   The slopes of the ANT + 1 nM Cu and ANT + 10 nM Cu 
concentration response curves were identical to ANT alone.   Figure 4.1 and 4.2 illustrate 
the effects of ANT + Cu under dark conditions.  In the dark, ANT + 100 nM Cu and ANT 
+ 1000 nM Cu exhibited synergistic toxicity compared to their predicted values.  The 
concentration response curves for ANT + 100 nM and ANT + 1000 nM Cu were very 
similar to each other and much steeper than those of ANT or Cu alone.  This suggests that 
these two mixtures share a similar toxicity mechanism that is different from the 
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mechanisms of either Cu or ANT.  One proven mechanisms is redox cycling and 
disruption of the mitochondrial electron transport chain (ETC).  Babu et al (2001) and 
Xie et al. (2006) independently demonstrated that PAHs (ATQ, PHE and PHQ) in the 
presence of Cu or other redox metals cause increased ROS production and inhibit the 
ETC (Babu et al 2001, Xie et al. 2005, Wang et al. 2008). 
 Mixtures of ANT + 1 nM Cu and ANT + 10 nM Cu under PAR, were not 
statistically different from the values predicted, indicating additive toxicity.  However the 
100 nM and 1000 nM treatments of ANT + Cu (23.6 nM and 2.58 nM) (Table 4.1) under 
PAR light exhibited a 3 fold increase in toxicity over the predicted values (77.94 nM and 
8.68 nM) (Table 4.2), showing a synergistic toxic effect.  This is because Cu has aa 
chromophore and absorbs PAR, however ANT does not absorb PAR light well and 
therefore the mixture should only be additive or slightly synergistic in toxicity.  One 
possible reason for this synergism, is that Cu is able to redox cycle with quinolated 
compounds in the organism (Weckx and Clijsters 1996).  It is also possible that the 
organism’s detoxification mechanisms (Cytochrome P450s and other mixed function 
oxygenases) modified ANT to ATQ and other ATQ derivatives, which in turn could lead 
to absorption of PAR, light (Huang et al. 1997). 
 The mixtures of ANT + 100 nM Cu and ANT + 1000 nM Cu under SSR were 
acutely toxic at all concentrations of ANT.   These findings match the predicted values 
which predicted that at both ANT + 100 nM and ANT + 1000 nM Cu would be acutely 
toxic.  The 1 nM ANT + Cu treatment matched the predicted values, showing additive 
toxicity under these conditions.  ANT + 10 nM Cu however was found to be more toxic 
(0.89 nM) than the predicted value of 4.87 nM showing synergistic toxicity.  This result 
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is not surprising as ANT is known to undergo photomodification in the presence of SSR 
radiation, leading to the formation of photoproducts including many ATQ’s (Mallakin et 
al. 1999).    Several studies have shown that in the presence of SSR light Cu and 1,2-
dhATQ can redox cycle with each other leading to ROS formation and cellular damage 
(Huang et al. 1995:1997, Babu et al. 2003:2005).  These studies also showed synergistic 
toxicity to Lemna gibba in the presence of SSR radiation.  The concentration response 
curves for ANT + 1 nM Cu and ANT + 10 nM Cu were both very similar.  However, 
ANT + 1 nM Cu was found to show additive in toxicity and ANT + 10 nM Cu was found 
to exhibit synergistic toxicity.  Therefore even with similar slopes it is unlikely that these 
two mixtures share a similar mechanism of toxicity.. 
 
4.3.2 ANT + Cd 
 The ANT + Cd mixtures in the dark all had EC50 values similar to that published 
by Zbigniew et al (2006).  Mixtures of ANT + Cd were all found to be toxic, and were 
generally more toxic than the predicted EC50.  Among all four metals, Cd was found to 
have the greatest effect on PAH toxicity, regardless of the presence of actinic radiation. 
Even at low levels (10 nM), cadmium had a significant impact on the toxicity of the 
PAHs tested, whereas the other metals did not become toxic in the dark until they were at 
a concentration of at least 100 nM. This is likely due to the intrinsic toxicity of Cd to 
benthic invertebrates and is consistent with data published by Borgmann et al. (2005).  
The toxicity of the ANT + 1 nM Cd mixture seemed to follow the lighting toxicity 
pattern for ANT with a 10-25% increase in toxicity, likely stemming from the added 
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burden of Cd.  A possible mechanism for this is Cd membrane depolarization via a Cd 
induced membrane disruption (Bolduc et al 2004).  
 The treatments of ANT + 100 nM Cd and ANT + 1000 nM Cd were found to be 
acutely toxic when mixed with any concentration of ANT except for the dark 100 nM 
treatment. Zbigniew and Wojcieh (2006) found similar results in green algae. These 
results were expected, as preliminary results of Cd toxicity show an EC50 in the dark 
regime of 97.8 nM, and 106 nM under SSR.  However, the dark treatment of 100 nM 
ANT + Cd resulted in a measurable EC50, with an EC50 of 5.78 nM which was much 
higher than that of the predicted value (Acutely toxic).  This result indicates that the 
interaction for 100 nM ANT + Cd in the Dark might be slightly antagonistic.  However 
this might also be due to the small number of animals used in these treatments, as it is 
unlikely that the toxicity of either Cd or ANT decreases when the two are present as a 
mixture.  Zbigniew and Wojcieh found similar results in green algae.  They also 
suggested that Cd toxicity is likely due to the disruption of Cu/Zn SOD, likely by 
competing with either the Zn or the Cu (Zbigniew and Wojcieh 2006). 
 The ANT + Cd PAR EC50 observed values correlated very well with the 
predicted values.  The ANT + 1 nM Cd and ANT + 10 nM Cd treatments were not 
statistically different from the predicted values and were said to be additive in toxicity.  
The ANT + 100 nM Cd and ANT + 1000 nM Cd treatments were found to be acutely 
toxic to Hyalella azteca and were not found to be statistically different from the predicted 
values.  This suggests that ANT + Cd under PAR lighting are additive in toxicity.  
 The ANT + Cd SSR treatments were found to be acutely toxic at all 
concentrations except for ANT + 1 nM Cd.  These results are unexpected as the predicted 
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EC50 for 10 nM ANT + Cd showed that the mixture of ANT + Cd should have an EC50 
around 4.87 nM.    These results show that ANT + 10 nM Cd exhibits synergistic toxicity 
to Hyalella azteca under SSR.  ANT, like other PAHs, can undergoe photooxidation in 
the presence of actinic radiation, leading the formation of oxyPAHs and other 
photoproducts (Foote 1991, Mallakin et al 1999). The slopes of the concentration 
response curves for all of the ANT + Cd treatments (dark, PAR and SSR) are all very 
similar.  This indicates that ANT + Cd mixtures regardless of lighting conditions likely 
share a similar toxicity mechanism.  One proposed mechanism is ROS production which 
has been shown in Daphnia magna and Vibrio fischeri to be a key contributor to PAH and 
Metal mixture toxicity (Xie et al. 2006, Wang et al. 2008). 
  
4.3.3  ANT + Ni 
 The mixtures of ANT + Ni were all moderately toxic and showed a similar pattern 
of toxicity to the ANT + Cu treatments.  The ANT + Ni however generally showed a 
slightly synergistic toxic affect as lighting was increased, compared to ANT + Cu which 
showed a large synergistic toxic effect as lighting increased.  The similar pattern to ANT 
+ Cu toxicity is likely because both Cu and Ni are redox active metals and should 
therefore act in a similar fashion (Xie et al. 2006) 
 The dark treatments of ANT + 10 nM Ni and ANT + 100 nM ANT + Ni were not 
statistically different from the predicted values and were additive in toxicity.  The ANT + 
1 nM Ni was found not to have an effect on the toxicity of ANT. However the dark 
treatments of 1000 nM ANT + Ni showed a different result.  In the dark 1000 nM ANT + 
Ni the observed EC50 of 1259 nM was 2 fold less than the predicted EC50 of 723 nM.  
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This antagonistic toxicity is unexpected, as at 1000 nM Ni is approaching its EC50 and 
the mixture should be becoming much more toxic than it is.  One possible explanation for 
this is several studies have shown Ni’s bioavailability to Hyalella azteca, in the presence 
of dissolved organics to be greatly reduced.  The threshold concentration for this depends 
on the organic but effects were not usually seen below 500 nM concentrations of Ni 
(Doig and Liber 2006:2007, Jaouen 2006). 
 Of the PAR ANT + Ni treatments the 10 nM, 100 nM and 1000 nM showed 
synergistic toxicity.  The ANT + 1 nM Ni treatment was found to be statistically similar 
to that of ANT on its own. Therefore it can be said that Ni at 1 nM concentration has no 
effect on ANT toxicity.  The ANT + 100 nM Ni treatment showed a 20% increase in 
toxicity over that of the predicted value, and were said to be synergistic in toxicity.  The 
1000 nM ANT + Ni had an EC50 of 48.4 nM which was 30% less toxic than the 
predicted value of 34.1 nM.  This antagonistic toxicity observation is surprising, and 
might be explained by Ni speciation with other dissolved organics (ANT, Hyalella azteca 
excrement), which can sometimes limit the toxicity of Ni (Doig et al. 2006).  
 The toxicity of the SSR ANT + Ni treatments was all synergistic in their toxicity 
except for the ANT + 1 nM Ni treatment which showed no statistical difference to that of 
the predicted value.  ANT + 10 nM Ni, ANT + 100 nM Ni and ANT + 1000 nM Ni were 
found to exhibit synergistic toxicity, being much more toxic than predicted. Also the 
slopes of the concentration response curves for ANT + 10 nM Ni, ANT + 100 nM Ni and 
ANT + 1000 nM Ni were all very similar, which suggests that they all share a similar 
mechanism of toxicity.  One possible mechanism is redox cycling via a photoproduct.  
ANT, in the presence of SSR has been shown to undergo photomodification, into over 20 
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photoproducts (Mallakin et al. 1999).  These photoproducts are more soluble and many 
are able to interfere with the mitochondrial ETC via redox cycling (Tripuranthakam et al. 
1999, Lampi et al 2005). Ni is also redox active metal and toxicity has been shown to 
redox cycle with quinolated PAHs such as PHQ as well as with ubiquinone in the 
mitochondrial ETC (Xie et al. 2006, Wang et al. 2008). 
 
4.3.4  ANT + Zn  
 The ANT + Zn mixtures were all moderately toxic to Hyalella azteca.  However 
the ANT + Zn mixtures were the least toxic of all four of the ANT + metal mixtures 
tested.  The toxicity pattern across the three lighting regimes was unique and the slopes of 
the dose response curves indicated that ANT + Zn had a distinct mechanism of toxicity 
compared to the other metals tested (Figures 4.19-4.24).  It is also important to note that 
mixtures of ANT + 1 nM Zn and ANT + 10 nM Zn was not found to increase the toxicity 
of ANT under any of the lighting conditions. 
 The dark ANT + 100 nM Zn and ANT + 1000 nM Zn treatments were not statistically 
different from the predicted values.  This additive toxicity for these ANT + Zn trials was 
expected.   The ANT + 1 nM Zn and ANT + 10 nM Zn trials found that these 
concentrations of Zn had no impact on the toxicity of ANT.  This data set matches 
published data for single toxicant testing (Timmermans 1993, Borgmann and Norwood 
1997, Lee et al 2001) and shows that Zn and ANT in the absence of actinic radiation 
likely do not have any effect on one and others toxicity. 
  The results of the ANT + 1 nM Zn and ANT + 10 nM Zn treatments under PAR 
lighting matched the predicted values, and were found to be additive in toxicity.  The 
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ANT + 100 nM Zn and ANT + 1000 nM Zn treatments however showed synergistic 
toxicity, with 35% and 65% increase over predicted toxicity respectively.  These results 
are surprising as Zn is not known to be photoactive and is not redox active either.  Also 
ANT does not absorb PAR light.  However above 80 nM concentrations, Zn has been 
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can lead to membrane instabilities and narcosis on an acute scale.  It can also lead to 







) in many enzymes including Cytochrome C oxidases (Muyssen 
et al. 2006, Clifford and McGeer, 2008).  Therefore the increased toxicity under PAR 
lighting is likely due to the decrease in cellular defenses (by Zn) as well as the increase in 
ROS production from ANT and PAR. 
  Mixtures of ANT + 1 nM Zn and ANT + 10 nM Zn when exposed to SSR were 
not statistically different from the predicted toxicity values, and were said to be additive 
in toxicity.  The 100 nM ANT + Zn treatment however showed synergistic toxicity; with 
30% lower EC50 than the predicted value.   The 1000 nM treatment also exhibited 
synergistic toxicity, with a 3 fold increase in toxicity over the predicted values.  These 
results are likely due to ANT undergoing photomodification into other photoproducts, 
with increased water solubility (Mallakin et al. 1999).  Across all of the lighting 
conditions the slopes of the concentration response curves for  ANT + 100 nM Zn and 
ANT + 1000 nM Zn were found to be nearly identical; making it highly likely they all 
share a similar toxicity mechanism.  This mechanism is likely due to the ability of Zn 
ions to compete with other divalent ions uptake, resulting in interference with enzymes 
and biological pathways (Muyssen et al. 2006, Clifford and McGeer. 2008). 
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4.3.5 ATQ + Cu 
 Treatments of ATQ + Cu under the dark were all found to be synergistic, being more 
toxic than predicted.    Mixtures of ATQ + 1 nM Cu and ATQ + 10 nM Cu were found to 
increase the toxicity of ATQ by 25 % and 30 % respectively.  This result differs from 
other studies, as previous studies have shown that low nM amounts of Cu have no 
noticeable affect on the EC50 of ANT (Babu et al. 2003).  The slopes of the 
concentration response curves for ATQ + 1 nM Cu and ATQ + 10 nM Cu (Figure 4.25), 
were found to be very similar to those of ATQ + 100 nM Cu and ATQ + 1000 nM Cu 
(Figure 4.26).  This likely indicates that these mixtures all share a similar mechanism of 
toxicity.  Previous studies have shown that mixtures of PAHs and Cu often interact in a 
synergistic way.  The mechanism that has been proposed to explain this is redox cycling, 
which has been shown to occur in mixtures of redox Cu and quinolated PAHs (Babu et 
al. 2003:2005, Xie et al. 2006:2007).  
 When exposed to PAR lighting mixtures of ATQ + 1 nM Cu and ATQ + 10 nM Cu 
were found to be additive in toxicity, with EC50 values that were not statistically 
different from the predicted values.    Mixtures of ATQ + 100 nM Cu were found to be 
synergistically toxic to Hyalella azteca with an EC50 five fold greater than that of the 
predicted value.  This increase in toxicity is likely due to ATQs absorption of PAR light 
which leads to the formation of ROS (Mallakin et al. 1999).  This ROS production 
coupled with Cu leads to an increase in redox cycling, which in turn causes necrosis and 
death (Babu et al. 2005).  The concentration response curves for ATQ + 1 nM Cu and 
ATQ + 10 nM Cu were identical and were very similar to that of ATQ (Figure 4.27).  
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Thus it is likely that these two mixtures share a similar mechanism of toxicity to that of 
ATQ.   
 The results of the ATQ + Cu mixtures when exposed to SSR showed a marked 
increase in toxicity over that of the PAR treatments.  Notably ATQ + 1 nM Cu was found 
to be additive in toxicity, being statistically similar to that of the predicted value. The 
concentration response curve for ATQ + 1 nM Cu was found to be almost identical to that 
of ATQ, indicating that both share a similar toxicity mechanism.   Under the SSR 
treatment ATQ + 10 nM Cu (13.7 nM) was found to be 2 fold more toxic than predicted 
(23.5 nM) and 10 fold more toxic than ATQ (142 nM) on its own. The ATQ + 100 nM 
Cu was found to be slightly less toxic than predicted; however this might be due to the 
EC50 value approaching the lower bound of our measurements.  The lowest 
concentration used in this thesis was 0.5 nM Cu, which might not allow for proper EC50 
determination, if the EC50 is in the pM range.  The concentration response curves for 
ATQ + 10 nM Cu and ATQ + 100 nM Cu under SSR showed similar slopes (Figure 4.29 
– 4.30).  This indicates that these two mixtures likely have similar toxicity mechanisms.  
 
4.3.6 ATQ + Cd 
Mixtures of ATQ + 100 nM Cd and 1000 nM Cd were found to be acutely toxic at 
all concentrations of ATQ across all of the lighting conditions.  This is not surprising as 
toxicity testing of Cd on its own has shown that 100 nM concentrations are usually 
acutely lethal to Hyalella azteca regardless of lighting conditions (Table 3.2) (Borgmann 
et al. 2005).  The EC50 of mixtures of ATQ + 1 nM Cd (1671 nM) under dark lighting 
showed no statistical difference from the EC50 of ATQ (1625 nM).  The dark 
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concentration response curves for ATQ + 1 nM Cd shared a similar slope to that of ATQ, 
which suggests that they share similar toxicity mechanisms.  Mixtures of ATQ + 10 nM 
Cd (577 nM) in the dark showed a three fold increase in toxicity over that of the 
predicted value (1625 nM).  One possible explanation for this is that Cd in vitro has been 
shown to produce ROS in the presence of free sulfur containing amino acids (Cysteine, 
Methionine).  This along with ATQs known redox cycling capabilities might explain this 
increase in toxicity (Bolduc et al 2004, Xie et al. 2006).  The slope of the concentration 
response curve for ATQ + 10 nM Cd was found to be much steeper than that of ATQ or 
Cu concentration response curve.   
Under PAR lighting ATQ + 1 nM Cd was found to match the predicted value and 
was said to be additive in toxicity.  The slope of the ATQ + 1 nM Cu concentration 
response curve was found to be very similar to that of ATQ on its own, and is therefore 
likely that they both share a similar toxicity mechanism (Figure 4.33).  The toxicity of 
ATQ + 10 nM Cd was found to be synergistic, being 2 fold more toxic than that of the 
predicted value, with EC50s of 82.8 nM and 188 nM respectively.  The slope of the ATQ 
+ 10 nM Cd under PAR lighting was very similar to that of ATQ + 10 nM Cd under dark 
lighting.  This suggests that both the toxicity mechanism for both of these treatments of 
ATQ + 10 nM Cd is very similar (Figure 4.31 and 4.33). 
The mixtures of ATQ + 1 nM Cd (89.8 nM) when exposed to SSR, was found to 
exhibit synergistic toxicity, being more toxic than predicted (142 nM). Mixtures of ATQ 
+ 10 nM Cd (7.62 nM) were also found to be synergistic in toxicity, being 15 fold more 
toxic than the predicted value (142 nM).  These values were not expected and are likely 
due to the ability of Cd to produce ROS.  The mechanism for Cd ROS production is not 
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fully understood, but is thought to involve sulfahydryl functional groups in proteins 
(Doig et al. 2005). ATQs in the presence of metals and ROS have been known to redox 
cycle, disrupting electron transport (Huang et al. 1997). Therefore a mixture of Cd and 
ATQ would likely redox cycle, which in turn would be responsible for the toxicity of the 
mixture (Bolduc et al. 2004, Babu et al. 2005, Xie et al. 2007). 
 
4.3.7 ATQ + Ni 
Mixtures of ATQ + 1 nM Ni in the Dark treatment were found to be statistically 
the same as predicted values and were said to be additive in toxicity.  Mixtures of ATQ + 
10 nM Ni, ATQ + 100 nM Ni and ATQ + 1000 nM Ni all exhibited synergistic toxicity, 
being more toxic than predicted.  Interestingly the ATQ + Ni treatments in the dark 
followed a pattern of toxicity very similar to that of ATQ + Cu in the dark.  This toxicity 
trend was slightly less than that of Cu but was still comparable.  The slopes of the 
concentration response curves for ATQ + 10 nM Ni, ATQ + 100 nM Ni and ATQ + 1000 
nM Ni were all similar (Figure 4.37 – 4.38) and were very similar in shape to those of the 
ATQ + Cu in the Dark (4.25 – 4.26).   This likely indicates that they share a similar 
toxicity mechanism.  One mechanism that has been proposed is mitochondrial disruption 
via redox cycling between Ni and quinolated PAHs (Xie et al. 2006, Wang et al. 2008) 
Mixtures of ATQ + 1 nM Ni (154 nM) and ATQ + 10 nM Ni (146 nM) in the 
dark treatments were not found to be statistically different from the predicted values (188 
nM) and were said to be additive in toxicity.  ATQ + 100 nM Ni mixtures were found to 
be synergistically toxic being 3 fold more toxic than predicted.  ATQ + 1000 nM Ni 
mixtures were also found to be synergistically toxic, being two fold more toxic than 
 204
predicted.  This increases in toxicity is likely due the weak ATQ absorption of PAR light, 
which increases the amount of ROS produced (Mallakin et al. 1999).   
When mixtures of ATQ + 1 nM Ni (166 nM) were treated with SSR, it was found 
that the mixtures were additive in toxicity as the EC50s were not statistically different 
from the predicted value (142 nM).  The mixtures of ATQ + 10 nM Ni were found to be 
10 fold more toxic than predicted.  ATQ + 100 nM Ni was found to be only 20% more 
toxic than predicted.  The slopes of the concentration response curves for ATQ + 10 nM 
Ni and ATQ + 100 nM Ni were very similar.  Thus it is likely that both of these mixtures 
exhibit similar mechanisms of toxicity.   This mechanism is likely redox cycling in the 
mitochondrial electron transport chain (Xie et al. 2007) 
 
4.3.8 ATQ + Zn 
Mixtures of ATQ + 1 nM Zn, ATQ + 10 nM Zn and ATQ + 100 nM Zn across all 
three lighting regimes matched the predicted values, and were said to be additive in 
toxicity.  The slopes of all of the concentration response curves for ATQ + 1 nM Zn, 
ATQ + 10 nM Zn and ATQ + 100 nM Zn were all very similar.  Thus it is likely that 
regardless of the lighting conditions these mixtures share a similar toxicity mechanism 
(Figure 4.43 - 4.47).  Mixtures of ATQ + 1000 nM Zn (899 nM) in the dark treatment 
were found not to be statistically different from the predicted value (903 nM).  However 
the concentration response curve for ATQ + 1000 nM Zn was found to be steeper than 
that of ATQ, which likely means it has a different mechanism of toxicity. 
 Mixtures of ATQ + 1000 nM Zn (30.7 nM) when exposed to PAR lighting, 
showed synergistic toxicity, with a 3 fold increase in toxicity over that of the predicted 
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value (102 nM).  ATQ + 1000 nM Zn (26.8 nM) under SSR lighting also showed 
synergistic toxicity, with EC50s that were 25% more toxic than predicted (40.2 nM).   
The concentration response curves for both of these mixtures had slopes that were very 
similar to each other and different from that of ATQ alone.  Thus in all likelihood ATQ + 
1000 nM Zn under PAR and SSR lighting shares a similar toxicity mechanism (Figure 







 etc…) which are often the reaction centers of many ROS 
scavenging proteins.  It is possible that high concentrations of Zn could disrupt these 
proteins leading to an increase in ROS, and mortality (Fitzgerald et al. 1998, Szilagyi et 
al. 2004). 
 The results of this study demonstrated the toxicity of one of three PAHs (ANT, 
ATQ, and 1-hATQ) mixed with one of four metals (Cu, Cd, Ni, Zn).  Most of the PAH + 
metal mixtures exhibited additive toxicity in the absence of light and low concentrations 
of metals. However as the concentration of metal was increased and as actinic radiation 
was added the mixtures began to exhibit synergistic toxicity.  The most toxic mixture was 
Cd/ANT mixtures which were toxic at all concentrations except 1 nM concentrations and 
was found to be acutely toxic at levels above 10 nM.   The results of the mixture assays 
showed that redox active metals (Cu, Ni) + PAH become toxic when exposed to actinic 






4.3.9 PAH and metal mixture toxicity: A comparison between a concentration 
addition model and response addition model. 
 
 Isobolic analysis is used in toxicology to examine dose combinations of two 
toxicants that yield the same effect.  In this case analysis of mixture toxicity to Hyalella 
azteca based on EC50s was performed.  The data sets were analyzed and compared to 
those of the response addition model previously discussed.  The results of the comparison 
showed that most of the mixtures of PAHs and metals responded in a similar fashion, 
even when the model used for the prediction was different; however, there were several 
exceptions.  In this section isobolograms were analyzed and compared to the response 
addition model previously described.  
 When looking at the isobologram for mixture toxicity of ANT + Cu under dark 
(Figures 4.9) it is clear that the concentration addition model depicts synergistic toxicity 
for mixtures of ANT + Cu below 1000 nM Cu.  This toxicity does not match that of the 
response addition model, however mixtures of ANT + 1000 nM Cu in the dark are shown 
in Figure 4.9 to be additive in toxicity, which is consistent with that of the response 
addition model.  The isobologram for mixtures of ANT + Cu under PAR showed additive 
toxicity for mixtures of ANT + 1, 10 and 1000 nM Cu (Figure 4.10).  Additive toxicity 
was also observed in the response addition model for the PAR treatments of ANT + 1 nM 
Cu and ANT + 10 nM Cu. However, for mixtures of ANT + 100 nM Cu under PAR the 
response addition model showed synergistic toxicity for this mixture.   The isobologram 
for ANT + Cu under SSR showed additive toxicity for all four concentrations of Cu 
(Figure 4.11).  The response addition model showed additive toxicity at all concentrations 
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of Cu except for ANT + 100 nM Cu which exhibited synergistic toxicity (Figure 4.1).  
Based on these two models it can be concluded that the toxic effects observed are usually 
in agreement for mixtures of ANT + Cu. 
 Analysis of isobolograms of mixtures of ATQ + Cu in the dark, showed additive 
toxicity for ANT + 1 nM Cu and ATQ + 10 nM Cu (Figure 4.21).  Synergistic toxicity 
was observed for mixtures of ATQ + 100 nM and ATQ + 1000 nM Cu (Figure 4.21).  
The response addition model agreed with the isobolograms for mixtures of ATQ + Cu in 
the dark (Figure 4.5).   In the isobologram for ATQ + Cu under PAR showed additive 
toxicity for ATQ + 1 nM Cu and ATQ + 10 nM Cu (Figure 4.22) which was also seen in 
the response addition model (Figure 4.5).  The isobologram for mixtures of ATQ + 100 
nM Cu under PAR (Figure 4.22) revealed synergistic toxicity to Hyalella azteca, which 
matched that of the response addition model (Figure 4.5).   The isobologram for ATQ + 
Cu under SSR showed additive toxicity for ATQ + 1 nM Cu and synergistic toxicity for 
ATQ + 10 nM Cu (Figure 4.23).  The response addition model also showed additive 
toxicity for ATQ + 1 nM Cu and synergistic toxicity for ATQ + 10 nM Cu. 
 Based on analysis of this data set using both concentration addition and response 
addition, it can be concluded that mixtures of ANT or ATQ and Cu generally exhibit 
synergistic interactions under Dark, PAR and SSR. 
 From the isobologram data the mixture toxicity for ANT + Cd in the dark showed 
synergistic toxicity for all four treatments (Figure 4.12).  The response addition model 
mated the isobologram data showing additive toxicity for all four treatments (Figure 4.2).
 The isobolograms for ANT + Cd mixtures under PAR were found to exhibit 
additive toxicity at all concentrations of Cd (Figure 4.13).  The response addition model 
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agreed with this predicting additive toxicity for ANT + 1 nM Cd and ANT + 10 nM Cd.  
However, the response addition model for ANT + 100 nM Cd and ANT + 1000 nM Cd 
showed synergistic toxicity for these two mixtures.  When looking at the isobologram for 
ANT + Cd under SSR, acute toxicity was observed at levels above 1 nM Cd.  For ANT + 
1 nM Cd synergistic toxicity is observed (Figure 4.14).  This is in agreement with the 
response addition model which also shows synergistic toxicity (Figure 4.2).   When 
looking at ANT + Cd interactions the two models correlated very well in predicted 
interactions. 
 The isobolograms for toxicity mixtures of ATQ + Cd in the dark showed additive 
toxicity for ATQ + 1 nM Cd and synergistic toxicity for ATQ + 10 nM Cd (Figure 4.24).  
The response addition model also showed additive toxicity for ATQ + 1 nM Cd and 
synergistic toxicity for ATQ + 10 nM Cd (Figure 4.6).  For the ATQ + 1 nM Cd PAR 
isobolograms additive toxicity was observed and for ATQ + 10 nM Cd PAR treatments 
synergistic toxicity was observed (Figure 4.25); both of these agree with the response 
addition model (Figure 4.6).    The isobolograms for mixtures of ATQ + Cd under SSR 
showed synergistic toxicity for ATQ + 1 nM Cd and ATQ + 10 nM Cd (Figure 4.26).  
The response addition model also showed synergistic toxicity for both of these treatments 
(Figure 4.6).  Thus both response addition and concentration addition showed identical 
results for mixtures of ATQ + Cd under all three treatments. 
 Isobolograms for the mixture toxicity of ANT + Ni in the dark showed synergistic 
toxicity for all four concentrations of Ni (Figure 4.15).  This data is not consistent with 
the response addition model data.  The response addition model shows additive toxicity 
for ANT + 1, 10 and 100 nM Ni treatments and antagonistic toxicity for ANT + 1000 nM 
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Ni in the dark (Figure 4.3).  Isobolograms of mixture toxicity for ANT + Ni PAR showed 
synergistic toxicity for ANT + 1, 10, 100 nM Ni, and additive toxicity for ANT + 1000 
nM Ni (Figure 4.16).  The response addition model shows that the interactions for ANT + 
1, 10, 100 nM Ni all exhibit additive toxicity, and the ANT + 1000 nM Ni treatment 
shows antagonistic toxicity (Figure 4.3).   The isobologram for mixture toxicity ANT + 
Ni under SSR showed synergistic toxicity for mixtures of ANT + 1, 10, 100 nM Ni 
(Figure 4.17).  The response addition model showed additive toxicity for ANT + 1 nM Ni 
and synergistic toxicity for ANT + 10 nM Ni and ANT + 100 nM Ni (Figure 4.3).  For 
mixtures of ANT + Ni under dark, both the concentration addition and response addition 
models showed different interactions for the dark and the PAR treatment.   For the SSR 
treatment the interactions were similar for ANT + 10 nM Ni, and ANT + 100 nM Ni.   
Thus both the response addition and the concentration addition models showed different 
toxic effects for mixtures of ANT + Ni under the three lighting conditions. 
 The isobolograms for mixture toxicity for ATQ + Ni showed synergistic toxicity 
for all four concentrations of Ni (Figure 4.27).  The response addition model showed 
additive toxicity for mixtures of ATQ + 1, 10, 100 nM Ni, and synergistic toxicity for 
ATQ + 1000 nM Ni (Figure 4.7).  For the ATQ + Ni PAR treatment isobolograms the 
ATQ + 1 nM Ni treatment showed additive toxicity.  Synergistic toxicity was observed in 
the isobolograms for ATQ + 10, 100, 1000 nM Ni treatments (Figure 4.28).  The 
response addition model showed additive toxicity for ATQ + 1 nM Ni and ATQ + 10 nM 
Ni (Figure 4.7).  In the ATQ + 100 nM Ni and ATQ + 1000 nM Ni PAR treatments the 
response addition model showed synergistic toxicity (Figure 4.7).  When looking at the 
ATQ + Ni SSR isobolograms we see synergistic toxicity for all four concentrations of Ni 
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(Figure 4.29).  The response addition model shows synergistic toxicity for ATQ + 10 nM 
Ni and ATQ + 100 nM Ni (Figure 4.7).  However for ATQ + 1 nM Ni the response 
addition model shows additive toxicity and for ATQ + 1000 nM Ni the model shows 
antagonistic toxicity (Figure 4.7).   
 The mixture toxicity isobologram for ANT + Zn under dark showed synergistic 
toxicity for all four concentrations of Zn (Figure 4.18).  The  response addition model 
showed additive toxicity for all four concentrations of Zn (Figure 4.8).  Additive toxicity 
was observed in the ANT + 1 nM Zn and ANT + 10 nM Zn isobolograms under PAR 
(Figure 4.19).  Synergistic toxicity was observed in the isobologram of ANT + 100 nM 
Zn and ANT + 1000 nM Zn (Figure 4.19).  The response addition model for ANT + Zn 
under PAR shows additive toxicity for ANT + 1, 10, 100 nM Zn and synergistic toxicity 
for mixtures of ANT + 1000 nM Zn (Figure 4.8).  The isobologram for mixtures of ANT 
+ Zn under SSR showed additive toxicity for ANT + 1, 10 and 1000 nM Zn and 
synergistic toxicity for ANT + 100 nM Zn. (Figure 4.20).   The response addition model 
showed additive toxicity for mixtures of ANT + 1 nM Zn and ANT + 10 nM Zn. The 
response addition model showed synergistic toxicity for ANT + 100 nM Zn and ANT + 
1000 nM Zn (Figure 4.4).  Thus the interactions of ANT + Zn were almost always found 
to be the same using both the response addition model and the concentration addition 
model. 
 The mixture toxicity isobologram for ATQ + Zn under dark showed additive 
toxicity for all four concentrations of Zn (Figure 4.30).  The response addition model also 
showed additive toxicity for all four mixtures of ATQ + Zn (Figure 4.4).  The 
isobologram for ATQ + Zn under PAR showed additive toxicity for ATQ + 1, 10, 100 
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nM Zn and synergistic toxicity for ATQ + 1000 nM Zn (Figure 4.31).  The response 
addition model also showed additive toxicity for ATQ + 1, 10, 100 nM Zn and 
synergistic toxicity for ATQ + 1000 nM Zn under PAR (Figure 4.4).  For mixtures of 
ATQ + Zn under SSR the isobolograms showed additive toxicity for all four 
concentrations of Zn (Figure 4.32).  The response addition model showed additive 
toxicity for ATQ + 1, 10, 100 nM Zn and synergistic toxicity for ATQ + 1000 nM Zn 
(Figure 4.4).  Both statistical models used in this study show very similar results in the 
interactions between ATQ and Zn under dark, PAR and SSR. 
 The two methods used in this study are both useful instruments in understanding 
toxic interactions.  The first model response addition assumes that the toxicants in 
question both act independently from each other (Sorensen et al. 2007).  The second 
model, concentration addition (isobolic analysis) assumes that the toxicants in question 
both act on similar biological systems, producing a similar response. Based on these 
ideas, if it is known that two toxicants share a similar mechanism of toxicity the model of 
concentration addition should be used to gauge the interactions.  If the toxicants do not 
likely share a similar mechanism of toxicity then response addition should be used.  
Furthermore if the mechanism is completely unknown then concentration addition is 
usually a better model to use as it allows us to test whether an observed deviation from 
the concentration addition model reflects a true deviation or weather it is just due to 
random sampling error (Sorensen et al. 2007).  
 In the literature it has been shown in several studies that mixtures of redox active 
metals and PAHs, generally share a similar mechanism of toxicity, that being the 
production of ROS (Babu et al. 2003; 2007, Xie et al 2006; 2007). For the mixtures of 
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PAHs (ANT, ATQ) and redox active metals (Cu, Ni) it was found that the toxicity 
models did not match up well. The mixtures of PAHs (ANT, ATQ) and non-redox active 
metals (Cd, Zn) however showed almost identical mixture interactions across the three 
lighting treatments in both the concentration addition model and the response addition 
model.   
 Metals and PAHs likely have many shared toxicity mechanisms and many distinct 
toxicity mechanisms (Babu et al 2001, Timmermans et al 1993, Gurst et al. 2005, Xie et 
al. 2006, Clifford and McGeer 2008). This is likely the reason that in non-redox active 
metal + PAH mixtures we see the models predicting similar interactions.  It is also the 
reason why when we see redox active metals + PAHs we see dissimilar interaction 





 PAHs and metals are common environmental contaminants that are produced both 
naturally and anthropogenically. They are both priority contaminants due to their 
prevalence and known toxicity.  One aspect of both PAH and metal toxicity that has not 
been extensively addressed is the interactions of these chemicals under different parts of 
the solar spectrum.   
 The toxicities of all of the PAHs increased as more of the solar spectrum was 
added from dark to SSR.  Toxicity however was observed in the absence as well as 
presence of light.  Therefore it is not a requirement of PAH toxicity to have actinic 
radiation present.  This has been shown in many previous studies in both plants (Babu et 
al. 2001) and animals (Lampi et al. 2005).  The results presented here also suggest that 
compounds that are only minimally toxic in the absence of light can become highly toxic 
in the presence of light, likely through photochemical processes.  Many of the oxyPAHs 
were far more toxic than their parent compounds, which suggest that photomodification 
of parent PAHs likely plays a key role in the increase of toxicity under actinic radiation.  
Thus it is likely that the toxicity of parent PAHs is due to photomodification and to 
photosensitization. 
 The metal assays showed an increase in toxicity as more of the solar spectrum 
was added to redox active metals (Cu, Ni). However, no change in toxicity over the four 
treatments to the non redox active metals (Cd, Zn).  Cd was found to be toxic to Hyalella 
azteca under all four radiation treatments at environmentally relevant levels, suggesting 
that Cd is intrinsically toxic to Hyalella azteca.  Zn was found to be relatively non-toxic 
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to Hyalella azteca, with acute toxicity levels much higher than those found in the 
environment. Based on this study the order of metal toxicity for Dark, PAR and 
PAR/UV-A treatments can be said Cd > Cu > Ni > Zn, and the order of metal toxicity 
under SSR was found to be Cu > Cd > Ni > Zn.  
 The metal/ANT assays showed varying results depending on the metal, the PAH 
and the type of radiation it was exposed to.  Most of the metal/ANT mixtures exhibited 
additive toxicity in the absence of light and at low concentrations of metals (1 nM and 10 
nM).  However as the concentration of metal was increased and as actinic radiation was 
added the mixtures began to exhibit synergistic toxicity.  The most toxic by far was 
Cd/ANT mixtures which were toxic at all concentrations except 1 nM, and was found to 
be acutely toxic at levels above 10 nM.   The mixture assays showed that redox active 
metals/ANT mixtures toxicity increased exponentially when exposed to actinic radiation.   
The redox active metal/PAH mixtures exhibited synergistic toxicity under dark as well as 
PAR and SSR treatments.  Whereas the non-redox active metal mixtures did increase in 
toxicity but usually at a much lower level than that of the redox active metals. 
 Based on comparison of the response addition model and the concentration 
addition model several things can be concluded.  The first is that redox active metal (Cu, 
Ni) + PAH mixtures differ in toxic interactions depending on which model is used for 
prediction.  However, the non-redox active metals (Cd, Zn) showed similar toxic 
interactions when using both models.   Based on these models it is hoped that 
experiments will be designed to test the toxicity mechanisms for these mixtures to help 
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Figure 7.1 Concentration response curves of mixtures to Hyalella azteca under dark 
conditions.  1-hATQ concentrations were varied while Cu was kept at a constant 




Figure 7.2 Concentration response curves of mixtures to Hyalella azteca under dark 
conditions.  1-hATQ concentrations were varied while Cu was kept at a constant 




Figure 7.3 Concentration response curves of mixtures to Hyalella azteca under PAR 
conditions.  1-hATQ concentrations were varied while Cu was kept at a constant 




Figure 7.4 Concentration response curves of mixtures to Hyalella azteca under PAR 
conditions.  1-hATQ concentrations were varied while Cu was kept at a constant 




Figure 7.5 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Cu was kept at a constant concentration.  A. 




Figure 7.6 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Cu was kept at a constant concentration.  A. 









Figure 7.7 Concentration response curves of mixtures to Hyalella azteca under dark 
conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  A. 




Figure 7.8 Concentration response curves of mixtures to Hyalella azteca under dark 
conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  A. 




Figure 7.9 Concentration response curves of mixtures to Hyalella azteca under PAR 
conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  A. 




Figure 7.10 Concentration response curves of mixtures to Hyalella azteca under 
PAR conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  




Figure 7.11 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  A. 




Figure 7.12 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Cd was kept at a constant concentration.  A. 





Figure 7.13 Concentration response curves of mixtures to Hyalella azteca under 
dark conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  




Figure 7.14 Concentration response curves of mixtures to Hyalella azteca under 
dark conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  




Figure 7.15 Concentration response curves of mixtures to Hyalella azteca under 
PAR conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  




Figure 7.16 Concentration response curves of mixtures to Hyalella azteca under 
PAR conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  




Figure 7.17 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  A. 1-




Figure 7.18 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Ni was kept at a constant concentration.  A. 1-




Figure 7.19 Concentration response curves of mixtures to Hyalella azteca under 
dark conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  




Figure 7.20 Concentration response curves of mixtures to Hyalella azteca under 
dark conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  




Figure 7.21 Concentration response curves of mixtures to Hyalella azteca under 
PAR conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  




Figure 7.22 Concentration response curves of mixtures to Hyalella azteca under 
PAR conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  




Figure 7.23 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  A. 




Figure 7.24 Concentration response curves of mixtures to Hyalella azteca under SSR 
conditions.  1-hATQ was varied while Zn was kept at a constant concentration.  A. 
1-hATQ + 100 nM Zn B. 1-hATQ + 1000 nM Zn.  
 
 
 
 
